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The world’s growing urban population and urbanized areas have occurred in 
places with high biodiversity value. Frontiers of urbanization are also approaching 
protected areas and encroaching upon habitats of threatened or endemic species. 
Urbanization usually involves the destruction of habitat when natural vegetation is 
cleared to make way for buildings and roads, but cultivated greenery and open 
green spaces such as parks are also created. Such greenery and green spaces have 
been used as urban planning tools to improve the quality of life for human 
residents in cities, but have also been thought to be able to improve habitat quality 
for urban wildlife. Using transect and point surveys of vegetation, birds and 
butterflies, and satellite imagery in Singapore, I ask: (1) do the different 
components of cultivated and natural greenery have the same effects on the 
diversity of urban wildlife? (2) are the effects on alpha diversity (measured as 
species richness) different from the effects on beta diversity (measured as 
community turnover and dispersion)? (3) do greenery components interact with 
traffic in their effects on species richness? (4) do the effects on species richness 
differ between spatial scales? My results show that cultivated tree cover and 
natural vegetation both promoted alpha diversity, while traffic density reduced 
alpha diversity. However, after controlling for the confounding effects of alpha 
diversity on community dissimilarity, cultivated vegetation was found to produce 
homogeneous bird and butterfly communities compared to natural vegetation. In 
addition, there was evidence of interactions between traffic density and tree cover, 
but the nature of these interactions (i.e., greenery buffering versus reinforcing the 
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impacts of traffic) are contradictory when results from the 500-m long transects 
were compared to point counts of 126-m or 50-m radii. Larger spatial scales were 
found to be more important for natural vegetation and traffic density. In addition, 
I explored how abundances of the 20 most common bird species in a subset of 
transects that were surveyed a decade ago (from 2000 to 2001) have changed, and 
if changes in abundance were related to changes in the urban landscape, or 
attributable to species interactions. The brood parasitic Asian koel (Eudynamys 
scolopaceus), which is known to prefer house crows (Corvus splendens) as hosts, 
has increased in abundance even though the house crow has declined from 
culling. There was also no evidence that the decline in house crow abundances 
through culling had resulted in release from competition for its co-invading alien, 
the Javan myna (Acridotheres javanicus). Instead, increased urbanization was 
correlated with the increase in abundance of the Javan myna. 
In conclusion, cultivated greenery has not been a good substitute for 
natural greenery in terms of providing for biodiversity. This poses problems for 
maintaining urban biodiversity in compact cities such as Singapore, where future 
urbanization necessarily involves the cannibalization of remnant vegetation within 
the built-up areas. 
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1. The Effects of Greenery on Biodiversity in Urban Areas 
1.1. Introduction: The urban juggernaut and expected future impacts on 
biodiversity 
The world is rapidly urbanizing, and this is an issue of international concern. The 
Population Division of the United Nations Department of Economic and Social 
Affairs (hereafter UNPD) provides projections on future total and urban human 
population sizes. Total population growth rates even in the least developed 
countries are already slowing down, and the global population is expected, under 
the scenario of medium fertility rates, to peak at between 9.3 and 10.1 billion 
between the years 2050 and 2100 (UNPD, 2011). Yet, the urban population is still 
accelerating in Africa, and is steadily increasing in Asia, North America, and 
Oceania (UNPD, 2012). While 52% of the world’s 6.97 billion humans lived in 
urban areas in the year 2011, this is expected to increase to 67% by the year 2050 
(UNPD, 2012). Consequently, the number and population sizes of cities are also 
increasing. The number of megacities, or urban agglomerations (as defined by the 
UNPD) with populations of at least 10 million, is expected to increase from 23 in 
the year 2011 to 37 in the year 2025 (UNPD, 2012). 
While the physical extent of urban areas covered only 0.6–0.65 million km2 or 
0.5% of the world’s surface in the year 2000 (Angel et al., 2011; Seto et al., in 
press), it is also increasing. In fact, urbanized area can grow at rates 
disproportionately higher than that of the population, in a phenomenon termed as 
urban sprawl (Angel et al., 2011). The number of households and consequently 
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demand for urban space can increase even when human population does not, 
owing to a trend of decreasing household sizes (Liu et al., 2003). Angel et al. 
(2011) estimated that with a decline in urban population density at 2% per year, 
urban land cover is likely to increase by another 1.1 million km2 by the year 2030. 
In another recent study, Seto et al. (in press) used projected GDP and the 
relationship between GDP per capita and population density and estimated that 
there is a high (i.e., more than 75%)  probability that another 1.2 million km2 of 
will be converted into urbanized land cover by the year 2030. Although both 
studies used different methods, they arrived at very similar projections of a more 
than 180% increase in global urban extent in the year 2030 as compared to the 
year 2000. 
Urbanization often coincides with areas of high conservation value, and future 
proliferation of high density human population centres and their physical growth 
will put further pressure on biodiversity and ecosystem function. McDonald et al. 
(2008) found that: first, current and future urbanization is concentrated in 
ecoregions (based on delineations by the WWF; see Olson et al., 2001) with 
greater vertebrate species richness and endemism than expected by random 
chance; second, the severity of the threatened status of a vertebrate (according to 
the International Union for Conservation of Nature [IUCN] Red List; see IUCN, 
2013) increases with the proportion of its range that is urbanized, and the effect is 
stronger for species with smaller ranges; third, habitat loss due to human 
settlement and infrastructure development is already listed directly as a threat to 
12 species with only one known population in the world (according to the 
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Alliance for Zero Extinction; see Ricketts et al., 2005) out of 24 such species 
which have more than 10% of their habitat urbanized; fourth, median distances of 
urbanizing frontiers to protected areas are expected to decrease from 44 km in the 
year 1995 to 38 km in the year 2030, and more of these decreases in distances are 
expected to occur in low- to middle-income countries where institutional capacity 
to enforce protection is weaker (e.g., China and Southeast Asia; see McDonald et 
al. [2009]). Similarly, in their spatially explicit projections of urban expansion, 
Seto et al. (in press) estimated that, while less than 1% of Conservation 
International’s hotspot areas (based on Myers et al. [2000] and Mittermeier et al. 
[2004]) were urbanized in 2000, an additional 1.8% of these areas have a high 
probability of becoming urbanized by 2030. Furthermore, habitats for 139 
amphibian, 41 mammalian, and 25 bird species that are listed as Critically 
Endangered or Endangered according to the IUCN will be affected by physical 
urban expansion. Pautasso (2007) found that at coarse scales human population is 
positively correlated with species richness, but at fine scales human population is 
negatively correlated with species richness. This suggests that there are common 
drivers behind the spatial distributions of humans and other species but when they 
co-occur, they will not coexist. 
Urban areas are considered drastically altered environments compared to 
natural areas (Grimm et al., 2008; Gaston et al., 2010; Pickett et al., 2011). Most 
native habitats are removed and replaced with impervious material such as cement 
and asphalt (Pauleit & Breust, 2011). Even in remnant habitats not yet directly 
converted into highly artificial cover, or in urban wastelands (i.e., abandoned 
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land) with regenerating natural vegetation, high densities of human activity and 
vehicular traffic nearby create noise and night-time light pollution, and reductions 
in air and water quality (Grimm et al., 2008; Gaston et al., 2010; McDonald et al., 
2009). Consequently, many sensitive species experience habitat loss and 
degradation, leading to population declines and local extinctions (McKinney, 
2002; Hamer & McDonnell, 2008; Hahs et al., 2009). The ecological footprint of 
a city extends beyond its borders and even beyond its immediate surrounding 
regions (Grimm et al., 2008; de Oliveira et al., 2011). 
At the same time, most humans in cities live in neighbourhoods surrounded by 
impoverished biodiversity (Turner et al., 2004), resulting in less experience of 
nature, poorer awareness of the impact of their actions on the natural systems that 
support their lifestyle, and the absence of motivation to live sustainably  (Miller, 
2005). Worldwide, visits to nature parks and involvement in nature recreation are 
on the decline (Pergams & Zaradic, 2008). Kareiva (2008) attributes this to global 
urbanization and considers this growing disconnectedness to be among the largest 
threats to environmental protection and biodiversity conservation, given that 
public support would gradually be undermined and eroded. 
1.2. Beyond impervious surfaces: noise and traffic as emerging and pervasive 
urban ecological factors 
Urban environments are on the highly modified and disturbed end of the spectrum 
of landscapes impacted by human activity and are therefore extremely challenging 
environments for most plant and animal species to thrive in, although some 
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commensals may be able to thrive given generally reduced predation pressure and 
increased resource supplementation (Chace & Walsh, 2006; Shochat et al., 2006). 
As urbanization progresses along a continuous gradient with time, quantifying the 
degree of urbanization of a landscape along a rural-urban gradient has been a 
useful approach to investigate which particular effects of urbanization impact 
ecological processes and biodiversity (McDonnell & Pickett, 1990; McDonnell & 
Hahs, 2008). There have been many studies and many reviews on the effects of 
urbanization on plants and wildlife. Generally, urbanization results in increased 
abundance or densities of a few urban-adapted, usually non-native species, but 
usually results in reduced species richness, although species richness and diversity 
may peak at intermediate levels of urbanization (Marzluff, 2001; Chace & Walsh, 
2006; McKinney, 2008, Faeth et al., 2011). 
Studies quantify the degree of “urbanization” in different ways (McIntyre et 
al., 2000; Marzluff et al., 2001; Hahs & McDonnell, 2006). While physical (e.g., 
impervious cover, building height), demographic (e.g., population density), or 
socioeconomic (e.g., land use, property prices) variables may reflect dominant 
gradients of urbanization (Hahs & McDonnell, 2006), not all of them have 
directly mechanistic interpretations for their effects on urban flora and wildlife. 
Ecologically meaningful variables should be chosen that reflect the mechanisms 
driving population dynamics such as reproductive success or mortality and 
community patterns such as richness. Examples of such processes and factors 
include: loss of original habitats and gain of new habitats, habitat quality and 
resource availability, immigration, connectivity, trophic structure, and community 
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interactions (Marzluff, 2001; Chace & Walsh, 2006; Shochat et al., 2006; 
Williams et al., 2009). 
Urban noise and heavy traffic are examples of major environmental 
modifications accompanying urbanization that are increasingly gaining research 
attention. Joo et al. (2011) found that the distribution of noise in the landscape, 
also known as the soundscape, is highly spatially and temporally heterogeneous 
throughout the city of Lansing in Michigan, and that sounds produced by human 
activities, termed as anthrophony (see Pijanowski et al. [2011] for terminology), 
are generally of higher intensity in commercial areas compared to parks or rural 
areas. Road networks, in particular, are the most pervasive source of anthrophony 
(Barber et al., 2010), and roads are among the most prevalent features of urban 
areas. Urban road networks therefore form the frames of the urban soundscape. 
Noise from traffic and other urban sources has been shown to have strong 
effects on a wide range of taxa. For example, environmental noise affects signal 
transmission distances and the many functions of acoustic communication (Barber 
et al., 2010). Many birds (e.g., Slabbekoorn & Peet, 2003; Parris & Scheider, 
2008; Hu & Cardoso, 2010; Bermúdez-Cuamatzin et al., 2011; Francis et al., 
2011a; Potvin et al., 2011; McLaughlin and Kunc, in press) and anurans (e.g., 
Parris et al., 2009) have been demonstrated to change their vocalizations, usually 
by increasing amplitude or frequencies, in response to greater noise in urban 
areas, or when near roads with heavy traffic. This is thought to be an adaptation to 
overcome masking by low-frequency sources of anthrophony such as traffic noise 
(Rheindt, 2003; Bee & Swanson, 2007; Halfwerk et al., 2011). However, not all 
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species that use acoustic communication would have the behavioural plasticity to 
overcome masking. Schroeder et al. (2012) found that chicks of cross-fostered 
house sparrows (Passer domesticus) reared in a noisy environment caused by a 
power generator had significantly lower body masses and rates of surviving to 
maturity. This is likely due to reduced provisioning by female parents when the 
generator was switched on, which could in turn be due to masking of begging 
vocalizations by the noise from the generator. In contrast, nestlings of the tree 
swallow (Tachycineta bicolor) produced begging calls of higher amplitudes in 
response to short-term increase in ambient noise (Leonard & Horn, 2005), and 
higher minimum frequencies in response to playbacks of white noise, with no 
significant differences in feeding rates and weight gain between treatment and 
control (Leonard & Horn, 2008). Even behavioural adaptations to a noisier urban 
landscape have their costs. While male great tits (Parus major) can employ higher 
frequency notes in response to urban noise (Slabbekoorn & Peet, 2003), the lower 
frequency notes are used as signals of sexual fitness for females, therefore the 
masking of these signals may still result in reduced reproductive success 
(Halfwerk et al., 2011). Increased visual vigilance to compensate for the loss of 
auditory danger detection in noisy environments may reduce time spent foraging 
(Barber et al., 2010). Anurans reduce their calling rates or stop calling with 
increasing traffic noise, which affect their ability to locate breeding populations, 
although this may be overcome when calling in chorus (Lengagne, 2008) or the 
lull in calling may even by exploited by other anuran species with higher 
frequency calls (e.g., Sun & Narins, 2005). 
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Hu & Cardoso (2010) found that the frequency adjustment in a noisy 
environment showed a quadratic relationship with the minimum frequency of 
vocalization, i.e., species with intermediate frequencies (1–2 kHz) exhibited 
greater increase in frequency. Therefore species with the lowest frequencies (<1 
Hz) may be using other methods of adjusting to a noisy environment. Francis et 
al. (2011b) found that two closely-related species, the grey flycatcher (Empidonax 
wrightii) and the ash-throated flycatcher (Myiarchus cinerascens), have different 
responses to the soundscape created by gas well compressors: the grey flycatcher 
did not significantly change their vocal frequencies but declined in occupancy in 
noisier areas, while the ash-throated flycatcher did not decline in occupancy but 
vocalized at higher minimum frequencies. 
Different tolerances or responses to noise can therefore lead to patterns in 
community diversity or composition along a gradient of urban noise levels. 
Francis et al. (2009) found lower species richness and differences in community 
composition of bird nests in woodland around compressors, as compared to 
control sites without compressors. In a study of noise tolerance in Spanish and 
Portuguese parks, Patón et al. (2012) found that 25 out of 91 bird species 
responded significantly to noise after controlling for seasonality and the park 
where surveys were conducted, and that species had preferred tolerances to 
different noise levels, with rare species preferring quieter levels (< 50 decibels) as 
compared to common species. In addition, González-Oreja et al. (2012) found that 
bird communities in areas of higher noise levels were nested subsets of 
communities at sites with lower noise levels, for both forest and non-forest birds 
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in the Puebla-Cholula Metropolitan Area. Interactions between species can also 
result in more complex patterns in response to anthropogenic noise. For example, 
repulsion of noise-sensitive predators can lead to indirect net-positive effects on 
prey species (Francis et al., 2009). 
The consequences of paved roads, however, goes beyond noise pollution, to 
include collisions with moving vehicles, replacement of vegetation with 
impervious surfaces, enactment of barriers such as dividers, and artificial light 
from lampposts and vehicle headlights at night (reviewed by Kociolek et al., 
2011). The impacts of roads on biodiversity can therefore be either direct by 
increasing mortality, or indirect through reducing habitat area and degrading 
habitat quality (Fahrig & Rytwinski, 2009; Kociolek et al., 2011; Summers et al., 
2011). The network of barriers formed by roads in an urban area can result in 
fragmentation of populations at the landscape scale, which can lead to further 
decline in populations (Lesbarrères & Fahrig, 2012). 
Most studies on road impacts have focused on abundances of particular 
species or groups of species (Fahrig & Rytwinski, 2009) but the consequences of 
roads at the community and ecosystem levels are less studied (van der Ree et al., 
2011). Even though roads usually result in reduced animal abundances (ratio of 
114 negative to 56 no effect to 22 positive, in studies reviewed by Fahrig & 
Rytwinski, 2009), some species are more affected than others, and responses to 
roads may be related to species traits (Rytwinski & Fahrig, 2012). Therefore, as 
with community effects of noise, it can also be expected that there will be changes 
in community diversity or structure with increasing traffic intensity. Berthinussen 
15 
& Altringham (in press) found that bat activity and the probability of 
encountering more species/genera of bats increases with increasing distance from 
roads. These patterns need not be the same across all groups of species. For 
example, Herrera-Montes & Aide (2011) conducted surveys using audio 
recorders, and found that species richness of anurans was not affected, but species 
richness of birds decreased nearer highways, and bird community composition 
was significantly different. This difference was suggested to be caused by lower 
traffic volume at night when anurans are more actively calling, compared to birds 
which are more active in the day when traffic volume is higher. 
1.3. Greenery to the rescue? The role of greenery in supporting urban 
biodiversity 
Urbanization results in the loss of natural vegetation when these are cleared to 
make way for buildings and infrastructure. Therefore, physical variables such as 
impervious surfaces, housing density, or building height, may either have their 
direct unique effects or they could simply be reflecting this loss of natural habitat. 
On the other hand, urbanization also creates new habitats. Habitats such as gaps in 
building structures or the undersides of roofs will support only a limited few 
species, such as mynas, sparrows, and pigeons (Dabert, 1987; Indykiewicz, 1991; 
Sodhi & Sharp, 2006). On the other hand, cultivated greenery and man-made 
green spaces in urban areas reinstate some of the vegetation that was lost, and 
would be able to support many more species. 
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To assess the state of evidence for the effects of greenery on community 
diversity, I collected papers from the three main urban ecology journals 
(Landscape and Urban Planning, Urban Ecosystems, Urban Forestry & Urban 
Greening), other applied ecology journals (e.g., Journal of Applied Ecology, 
Ecological Applications, Conservation Biology, Biological Conservation, 
Biodiversity & Conservation), and other general ecology journals (e.g., Ecology, 
Oikos, Oecologia) published in the last three years (2010 to 2012), with abstracts 
indicating that the study investigated species richness, diversity or community 
composition across a gradient of urbanization. From these studies and references 
cited within, I selected those that assessed the effects of greenery in addition to 
other urban environmental or landscape variables. If the study addressed species 
richness or community patterns within a defined patch, such as remnant 
vegetation or parks, it must also use greenery from the surrounding matrix, for 
example in a buffer region, as explanatory variables. For each paper, I tabulated 
the study site, taxon or species group that was surveyed, the spatial scale(s) at 
which the surveys were conducted, and the highlights of the results with regard to 
greenery (Table 1.1; additional fields given in Appendix A). Sampling scale refers 
to the spatial extent of each sampling unit; “variable” indicates techniques where 
survey distances were not limited, e.g., unlimited radius point counts. Some 
studies treated an individual patch as the statistical unit of analysis and aggregated 
species richness from multiple point counts conducted in each patch or used 
species richness estimators as response variables. In these cases, I considered the 
range in patch sizes as the sample scale. Studies that used regression tree analyses 
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or reduced multiple greenery and urban landscape variables into principal 
components were discarded, as it was difficult to directly interpret these results. 
When tests of significance were used, I only summarized relationships from the 
greenery variables that were significant, i.e., p-value <0.05; when information 
criteria (e.g., Akaike’s Information Criterion [AIC]) were used to assess or rank 
models, I only summarized greenery relationships in the best models with strong 
or substantial support, i.e., difference in AIC with the best model was <2.0. 
Even if the 34 studies reviewed in Table 1.1 are not comprehensive, they are 
representative of the state of evidence across tropical and temperate biomes 
accumulated from two decades of urban ecology research (see additional fields in 
Appendix A), and suggest some general trends and gaps in knowledge. First, there 
is a prevalence of evidence for the positive effects of greenery on animal 
communities. In 30 studies that assessed the effects of greenery on species 
richness or diversity, only three studies (Smallbone et al., 2011; Threlfall et al., 
2011; Dallimer et al., 2012) did not demonstrate any form of positive effect, while 
another two studies showed that other variables interact with greenery (Stratford 
& Robinson, 2005; Pellissier et al., 2012). Zhou & Chu (in press) showed that 
canopy cover interacted with foliage height profile (measured using Shannon’s 
entropy) in relation to bird species richness in the wintering season, although no 
effects of greenery were found in the breeding season. Trammell & Bassett (2012) 
showed that the number of native cottonwood trees was negatively related to 
exotic bird species richness, which I consider as a positive effect, although the 
number of exotic trees was also positively related to exotic bird species richness. 
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Table 1.1. Highlights from some studies that investigated the effects of greenery, along with other urban variables, on community 












urban tree, urban savannah, 
open, native, mixed, exotic, 
Lower and Upper Sonoran 
vegetation, mesquite 
bosque, disturbed and 
undisturbed riparian 
vegetation covers 
house density, housing, 
apartment/business, 
paved/graded covers, plot 
heterogeneity, distances to 
mainland, patch and riparian 
areas 
Exotic urban vegetation is 
positively related, and 
Upper Sonoran vegetation 
negatively related, to exotic 
bird richness. 
Upper Sonoran vegetation is 
positively related to native 
breeding bird richness. 
Green & 
Baker 
2003 variable 60 m radius urban open space, shrub 
density, total and exotic 
woody volume, woody and 
riparian vegetation cover 
housing density, road 
surface area, water channel 
surface area, presence of 
stabilized banks 
Total woody volume is 
positively related to total 
bird richness. 







forest and park cover, 
flowering shrub cover, 
number of large and small 
trees, trees with open 
flowers or fruits, dead trees, 
host plant species 
temperature, humidity, light 
intensity, patch area, shape 
Forest cover in 2-km radius 
and number of host plant 
species are positively related 
to species richness. 
Numbers of small trees and 
dead trees, and canopy 
cover, are related to 
community composition. 
Lim & Sodhi 2004 5 ha 5 ha, 250-m 
radius 
managed and natural green 
cover, number of trees, tree 
height, shrub and canopy 
covers 
built cover, population 
density, public housing, 
private high-rise and low-
rise housing, commercial, 
industrial, and agricultural 
covers, numbers of food 
stalls and sites with exposed 
edible litter 
Natural cover and canopy 
cover are associated with 






Scale(s) Greenery variables Other variables Summary 
Stratford & 
Robinson 
2005 not stated 100-m, 200-
m, 1-km 
radii 
pine, mixed hardwood, 
shrubland, and grassland 
covers 
habitat diversity, patch 
density, edge density, 
fragmentation index 
Mixed hardwood and 
shrubland interacted in 
association with species 
richness. 
White et al. 2005 1 ha 1 ha number of exotic, native, 
eucalyptus and non-
eucalyptus trees of various 
sizes, native and exotic 
canopy and shrub covers, 
unmanaged understorey 
cover, lawn 
paved surfaces, building 
cover, bare ground, leaf 
litter 
Habitat greenery variables 
were analyzed against 
community composition but 
not species richness. 
Small exotic tree and shrub, 
lawn, eucalyptus (all sizes), 
small and medium native 
non-eucalyptus, small and 
large native shrub, 
unmanaged understorey 





2006 variable patch deciduous and evergreen 
tree, small and large shrub, 
herbaceous plants, and lawn 
covers, canopy height, 
native to exotic and high to 
low rainfall floristic 
gradients, vascular plant 
richness 
artificial surface cover, 
number of cats and dogs, 
supplementary feeding, 
chicken yard, and permanent 
water presences, annual 
precipitation, area, distance 
to city 
Canopy height and small 
shrub cover are positively 









ground, exotic ground, 
shrub, exotic shrub, tree, 
exotic tree, evergreen tree 
covers and species 
diversities, canopy closure, 
tree and snag number 
urban land cover and 
average patch size, forest 
aggregation index 
Number of trees is 
positively related and 
canopy closure is negatively 







Scale(s) Greenery variables Other variables Summary 
Sandström et 
al. 




tree height, average dbh, 
basal area, density of living, 
dying and dead trees, 
stumps, dominant tree 
species, shrub layer 
presence, ground layer 
classification, open area, 
coniferous, deciduous and 
mixed forest covers 
built-up cover, building 
cover, industrial cover, 
railway cover, residential 
cover, water cover 
Number of living trees and 
presence of shrub layer are 
positively related to species 
richness. 




open space, green space, 
unmowed area, nectar plant 
richness, nectar abundance 
road lane length, total road 
length, human population 
size, water 
Green space is positively 
related at all scales, but not 
open space, to mean species 
richness per visit. 
Luther et al. 2008 50-m 
radius 
50-m radius tree and shrub cover, species 
richness 
bare ground, running or 
standing water, slope, 
aspect, riparian width, 
landscape context 
Tree cover is negatively 
related to, and shrub cover 




2008 not stated 0.0605 ha tree canopy cover, 
herbaceous cover, tree 
species richness, maximum 
tree height 
cement cover Tree canopy cover and 
maximum tree height is 
positively related to species 
richness. This may reflect 
age, but tree canopy cover 











canopy cover, shrub and 
herb cover, tree density, 
snag volume, aspen, riparian 
meadow, lower and upper 
montane conifer forest cover 
development cover and 
contagion, number people, 
dogs, vehicles, coarse 
woody debris, elevation, 
slope, distance to permanent 
water body 
Local and landscape 
vegetation characteristics 
are not important for total 
species richness but are 
related to richness of 







Scale(s) Greenery variables Other variables Summary 
van Heezik et 
al. 




numbers of trees and native 
trees, mean tallest tree 
height, vegetation structural 
complexity, amount of 
native vegetation, vegetation 
cover 
distance to nearest bush 
fragment >4 ha 
Structural complexity, 
amount of native species, 
number of native trees, and 
proportion of vegetation 
cover are positively related 











foliage cover at various 
height intervals, average 
dbh, canopy height, canopy 
and understorey coverage 
constructed land cover, 
structural heterogeneity, 
patch size, perimeter, 
isolation 
Understorey coverage is 
negatively related to species 
richness. Average dbh is 







patch tree canopy cover, shrub 
cover, lawn area, wild area, 
vegetable area, floral area, 
green space 
number of buildings, area of 
paths, sunlight availability, 
heterogeneity, patch (total 
garden) area 
Floral area is positively 











hardwood, pine, dead tree 
basal areas, canopy, shrub, 
and ground vegetation 
covers, agricultural and 
forest covers 
noise, woody debris cover, 
urban and water cover, all 
and primary road densities, 
distances to nearest edge, 
primary road, and any road, 
stream, patch area and shape 
Forest cover in 600 m radius 
is related to community 
composition. 





urban green cover, woody 
plant cover 
road and agricultural cover, 
time since last structural 
modification, management 
intensity, soil density, 
elevation, slope, aspects, sun 
exposure, sum and standard 
deviation of solar radiation 
Urban green cover in 50-m 
radius is related to bee 
community composition in 
Lucerne. 
Woody plant cover in 50 to 
1-km radii are related to bird 
community composition in 






Scale(s) Greenery variables Other variables Summary 
Stagoll et al. 2010 50-m 
radius 
50-m radius tree stem density, average 
dbh, shrub cover, grass 
cover, dominant tree 
category, dominant bark 
category, shrub height 
category, presence of 
hollows, mistletoes, 
eucalypt regeneration, and 
blackberries 
land use category, distances 
to rivers and nearest public 
road, leaf litter cover, 
presence of dead logs 
Species richness increases 
from treeless to casuarina, 
pine, sparse eucalypt cover 
and eucalypt woodland. 
Differential sensitive 
woodland species responses 






50-m radius native and all vegetation 
cover 
built-up cover, pedestrian 
rate, car rate, elevation, rock 
pigeon abundance 
Vegetation covers positively 
related to species richness. 
Car rate negatively related 
to species richness. 










tree and ground covers, tree 
and shrub species richness, 
tree, shrub and herbaceous 
plant height, distance to 
nearest native vegetation, 
proportion of greenspace 
distance to nearest main 
road, asphalt road and 
building covers, pedestrian 
rate, vehicle rate, noise 
levels, main patch area, 
perimeter 
Herbaceous plant height is 
positively related to summer 
species richness. 
Proportion of greenspace is 
related to summer 
community composition. 
Tree and ground cover, tree 
and shrub species  richness, 
tree height, and proportion 








Scale(s) Greenery variables Other variables Summary 




50-m radius grass, bush, tree, coniferous, 
deciduous, exotic and native 
covers, woody species 
richness 
building cover, sealed cover Tree cover is positively 
related to species richness. 
Bush and tree cover are 
positively related to 
Simpson's evenness. 
Native, broadleaf and 
coniferous cover are related 






m,  1-km 
radii 
xeric and mesic ground 
covers, conifer, broadleaf 
and thin-leaf evergreen and 
deciduous, and monocot tree 
covers, shrub cover 
impervious and bare soil 
covers, proportions of 
Hispanic population and  
owner occupation, median 
household income, highest 
education degree, 
proportions of residents in 
three age groups, distance to 
desert tract of >3.2 ha 
Thin-leaf evergreen tree and 
shrub cover are positively 
related to native bird species 
richness. 
Thin-leaf and broadleaf 
evergreen, broadleaf 
deciduous, conifer, 
monocot, and shrub covers 







25-m radius tree and shrub cover, 
herbaceous plant minimum 
height 
built cover, maximum 
building height, number 
electric and telephone poles, 
and electric and telephone 
cables, doors, lamp poles, 
lightning rods, exposed 
construction rods, dogs cats, 
pedestrian rate, 
socioeconomic level 
Tree and shrub covers are 
positively related to 
moderately abundant species 
richness. 
Tree cover and minimum 
herbaceous plant height are 







Scale(s) Greenery variables Other variables Summary 
Smallbone et 
al. 
2011 32 min patch, 500-
m, 1-km 
radii 
proportion of fringing native 
and non-native vegetation, 
proportion of aquatic 
vegetation, woody 
vegetation cover, numbers 
of native and exotic trees, 
lawn, understorey, 
midstorey, and overstorey 
vegetation covers, 
abundance of native plants 
dwelling density, 
impervious, road, and water 
covers, household income, 
education level, proportion 
of home owners, permanent 
versus ephemeral, distance 
to nearest natural water body 
No strong support for any 
greenery variable for species 
richness. 
Threlfall et al. 2011 variable 500-m, 3-
km, 5-km 
radii 
bushland cover housing density, distance to 
nearest native bushland, 
watercourse, landscape 
heterogeneity 
No strong support for effect 
of bushland cover on species 
richness. 
Dallimer et al.  2012 variable, 
0.04 ha 
50-m radius tree cover human population density, 
distance to city centre and 
river source, altitude, habitat 
diversity 
Tree cover has a quadratic 
relationship with bird and 
native plant species 
richness. Tree cover is 
negatively related to 
butterfly species richness. 
Pellissier et al. 2012 10-ha 
grids 
10-ha grids herb, shrub, and tree covers, 
interspersion and 
juxtaposition index (IJI) 
building cover of various 
height classes, bare soil 
cover, building 
heterogeneity 









Scale(s) Greenery variables Other variables Summary 
Reis et al. 2012 block (not 
stated, 
about 24 
to 28 ha) 
block (not 
stated, about 
24 to 28 ha) 
native and exotic tree 
species richness (first-order 
Jacknife estimator), exotic 
and native tree densities, 
densities of exotic and 
native trees of various 
heights, grass and woody 
vegetation cover 
paved and unpaved roads, 
exposed soil, and built area 
covers, densities of 
residential and commercial 
buildings, proportion 
residential area, distance to 
closest protected area 
Density of native trees of 
medium height is positively 
related, and density of 
exotic trees of medium is 
negatively related, to species 
richness. 





tree density, average dbh, 
vertical vegetation gap, 
vegetation clutter, native 
and shale bushland covers 
housing density, hollow 
density, distance to nearest 
native bushland, 
watercourse, landscape 
heterogeneity, shale and 
sandstone covers, beetle, 
butterfly, and insect counts 
and biomass of various size 
classes 
Bushland cover and 
vegetation structure are 




2012 variable 25-m, 100-
m, 500-m, 1-
km radii 
number of coniferous trees, 
cottonwood trees, willows, 
exotic trees, dead trees, and 
all trees, mean and 
maximum tree height, tree 
and open space covers 
building density, major and 
all road densities, gross floor 
area, single and multiple 
family residential, high 
density residential, 
commercial, industrial, 
agricultural, and vacant land 
covers, patch area, 
perimeter, shape, land 
values 
Number of exotic trees is 
positively related, and 
number of cottonwood trees 
is negatively related, to 






Scale(s) Greenery variables Other variables Summary 




grassland, shrubland, and 
woodland covers 
urban constructed land 
cover, contagion index, 
largest woodland patch size, 
patch density, habitat 
diversity and evenness 
Greenery covers are not 
related to community 
composition. 
Luck et al. In 
press 
patch patch, 1-km 
buffer zone 
vegetation cover, total and 
native tree densities, nectar 
plant density 
urban intensity (combination 
of housing density and 
impervious cover), 
socioeconomic status 
(combination of house 
ownership, disposable 
income, education level) 
Density of nectar plants is 
positively related to species 
richness. 
Zhou and Chu In 
press 




canopy cover, foliage height 
profile 
visitor rate, environmental 
noise, park area 
Canopy cover and foliage 
height profile interacts in 
association with species 
richness in the wintering 
season. 
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Here, a second observation is that different forms and measures of 
greenery are sometimes investigated in the same study, but not all types of 
greenery have the same effect. For example, Matteson & Langellotto (2010) 
and Luck et al. (in press) both found that the proportion of vegetation is not as 
important as the provision of floral nectar for bees, butterflies, and birds. The 
categorization of greenery types in many studies, however, reflects highly 
specific, local, ecological conditions. For example, Germaine et al. (1998) 
divided native vegetation into different forms—lowland and upland Sonoran, 
mesquite bosque, riparian—to reflect the general habitat types available in arid 
Arizona. Stratford & Robinson (2005), Minor & Urban (2010), S. Fontana et 
al. (2011), Lerman & Warren (2011), and Trammell & Bassett (2012) use 
categories of trees such as pines and conifers, which are found in temperate 
Europe and North America. Studies in Australia (e.g., White et al., 2005; 
Stagoll et al., 2010; Threlfall et al., 2011 & 2012) considered eucalypts and 
bushland as important vegetation categories. While such site-specific 
categorization would improve statistical and predictive power particularly for 
drawing relationships with community composition, they are limited when 
generalizations are needed across a larger geographic scale, such as between 
the tropical and temperate biomes. Studies that investigated mixed landscapes 
containing both cultivated greenery and artificial green spaces in addition to 
natural remnant or regenerating vegetation did not clearly differentiate 
between them. The most common general form of classification is between 
native and exotic trees. However, cultivated greenery can contain native 
species, and natural vegetation can be dominated by exotic species or vice-
versa. Another common form of greenery classification is between vertical 
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strata or life form, e.g., trees versus shrubs versus herbaceous ground cover. 
Here, woody vegetation and trees in particular appear to be more often 
positively related to richness and diversity. 
Third, while vegetation and dense foliage is known to have buffering 
effects on noise and traffic effects for humans (Aylor, 1972; Gidlöf-
Gunnarsson & Ohrström, 2007), none of the studies reviewed in Table 1.1 
have investigated this for urban animals. Trees have also been found to reduce 
gaseous pollutants and remove airborne particles such as dust through 
interception on vegetative surfaces, which are eventually washed off by rain 
(Smith, 1990; Beckett et al., 1998). Eigenbrod et al. (2008) found that the 
association between forest cover and species richness was stronger than the 
association between traffic density and species richness. Villegas & Garitano-
Zavala (2010) found that vegetation cover was positively related to bird 
species richness while the passing rate of cars was negatively related to bird 
species richness. C.S. Fontana et al. (2011) likewise found a positive 
relationship between tree density and species richness and a negative 
relationship between noise and species richness. However, these three studies 
did not test if there was an interaction between forest or tree density and traffic 
or noise in their analyses. 
The management of urban greenery and green spaces may hold much 
promise for enhancing the biodiversity of urbanizing areas. In addition, 
greenery and vegetation provide other ecosystem services such as shading and 
amelioration of the urban heat island effect (Wong et al., 2003), leisure space 
(Chiesura, 2004), and restorative benefits for emotional, mental and physical 
health (Ulrich, 1984; Takano et al., 2002; de Vries et al., 2003; Nielsen & 
29 
Hansen, 2007, Cheng & Monroe, 2010). Therefore, greenery provides a 
potential common ground and policy tool for both ecologists and urban 
planners to improve the sustainability of urban areas. However, the question 
still remains whether cultivated greenery can replace natural greenery in terms 
of biodiversity, and if so, which particular component(s) of cultivated greenery 
is/are most important. 
Impervious or built-up cover and greenery cover are almost mutually 
exclusive at the grain level when assessing landscape cover, hence these two 
variables are expected to be strongly negatively correlated. To avoid 
redundancy and multicollinearity in regression models, some studies 
decompose the set of physical and vegetation variables into principal 
components, and then used scores of these principal components as 
independent variables in the analyses (e.g., Fernández-Juricic, 2004; Croci et 
al., 2008; Litteral & Wu, 2012). While this can be very useful in an 
exploratory approach to narrow down the set of candidate variables, it is still a 
step away from developing a direct, mechanistic understanding of urban 
ecological processes, and hence has limited utility for managing urban 
biodiversity. Given the dependence of animals on vegetation structure in their 
natural habitat, the type and quantity of urban vegetation should therefore be 
the variable of choice over correlated variables such as impervious cover that 
do not have as clear or as direct a mechanistic interpretation for driving 
patterns of species and community diversity, and community structure. 
In the same way, Faeth et al. (2011) argued that socioeconomics affect 
urban biodiversity through their influence on urban greenery. Studies in 
multiple towns throughout Australia did not find any support for the effect of 
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socioeconomic status on anuran species richness (Smallbone et al., 2011), 
while the addition of this variable to the best model set for bird species 
richness had only marginal support (Luck et al., in press). However, 
Smallbone et al. (2011) found that socioeconomic status was an important 
predictor of vegetation cover. An analysis on these same towns found that 
equivalized disposable household income divided by the Gini coefficient of 
income inequity calculated in the year 1986 is predictive of vegetation cover 
in the years 1991 and 1996, while education levels in 1996 and immigration 
status in 1991 are predictive of vegetation cover in 2006 (Luck et al., 2009). 
Such time lags suggest that these variables influence vegetation and not the 
other way around. Likewise, Grove et al. (2006) found that categories of 
lifestyle behaviour were associated with vegetation cover on private lands and 
public rights-of-way. Socioeconomic variables such as household income have 
also been found to determine urban plant diversity (Hope et al., 2003; Martin 
et al., 2004) and abundance (Martin et al., 2004). Therefore, it is urban 
vegetation and greenery that should be directly used as a variable for 
investigating relationships between faunal species richness and urbanization 
patterns. 
1.4. Singapore as a case study for greenery and urban ecology 
Many reviews on urban ecology have called for more studies in the tropics 
(e.g., Marzluff, 2001; Chace & Walsh, 2006; Hamer & McDonnell, 2008). For 
the rest of this dissertation, I will use Singapore as a study model for the 
effects of urban greenery on biodiversity in the tropics. 
31 
Singapore (1° 20´ N, 103° 50´ E) is a city-state located at the southern tip 
of Peninsular Malaysia, and consists of Singapore Island and 58 other smaller 
islands, with a total land area of 714.3 km2 (Singapore Department of 
Statistics 2012). The climate is equatorial, with daily temperatures usually 
ranging from 24.7−31.2°C, and annual rainfall of more than 2,000 mm that is 
fairly uniform throughout the year, except a slightly wetter period that occurs 
from November to January that coincides with the Northeast monsoons 
(Singapore Department of Statistics, 2012). Singapore’s population has 
increased exponentially. When Sir Thomas Stamford Raffles landed in 1819, 
the population of the village at the mouth of the Singapore river was estimated 
to be 150 (Jackson, 1965). In 1968, the population crossed the 2 million mark 
and by 2000, the 4 million mark (Singapore Department of Statistics, 2012). 
While the fertility rate of citizens has declined to below replacement rate since 
1976 (National Population and Talent Division [NPTD], 2012a), the number 
of Singaporeans is still growing because of immigration. As of December 
2011, the total population size was estimated to be 5.26 million (NPTD, 
2012b) and is expected to continue growing, albeit at a rate that depends on 
future immigration policies (NPTD, 2012a) and economic aspirations 
(Ministry of Trade and Industry, 2012). 
As an island city-state, however, Singapore has limited options to 
accommodate a growing population and its economic and industrial needs. 
Since 1820, it has undergone land reclamation for various reasons (Tan et al., 
2010a), but recent large-scale reclamation aims to accommodate residential, 
commercial, industrial and recreational functions. From its original area of 
578.1 km2 in 1819, it expanded to 710.2 km2 by the end of 2008, equivalent to 
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a 22.9 % increase in land area (see Tan et al., 2010a). Though reclamation is 
expected to continue, this option is becoming increasingly limited with the 
shallowest places having already been reclaimed and also because of the 
shortage of sand. The other option is to sacrifice local natural habitat for 
human needs. 
Pre-colonial Singapore Island was almost completely covered by forests—
about 5% was freshwater swamp forests, 13% mangrove forest, and the 
remainder dominated by lowland dipterocarp forest, and much less so, by 
beach or other coastal vegetation (Corlett, 1992). Initial deforestation for 
agriculture in the early colonial days brought about the rapid and large-scale 
loss of more than 95% of this original vegetation (Corlett, 1992). Extinctions 
caused by this habitat loss are estimated to have claimed 34−87% of the 
original butterfly, fish, bird and mammal species (Brook et al., 2003a). Post-
industrialization, many of the original plantations have been abandoned and 
over time have regenerated into secondary forest, which has been able to 
accommodate many species that would have otherwise been unable to persist 
in a truly urban landscape. However, a subsequent phase of urbanization and 
continued population growth has resulted in secondary deforestation. Today, 
natural vegetation is mostly found in the nature reserves at the centre of the 
main island and in restricted military areas on the northwest coast (Yee et al., 
2011), both of which also serve as protected water catchment areas. Some 
inland natural vegetation is incorporated into existing parks. Other small 
fragments of remnant or regenerating vegetation located within built-up areas, 
along expressways, or adjacent to urban parks, are awaiting development. 
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Large patches of natural vegetation are in precious little supply in Singapore, 
and can only be expected to dwindle further in the future. 
On the other hand, Singapore is arguably the tropical city with the greatest 
investment in artificial urban greening and horticultural landscaping. Soon 
after political independence, the Singapore government embarked on island-
wide streetscaping and tree planting, which soon gained the country a 
reputation as a “Garden City”. The National Parks Board (NParks), formerly 
the Parks and Recreation Authority, maintains 62 regional parks, 253 
neighbourhood parks, 46 park connectors that are 209 km in total length, in 
addition to 2656 ha of roadside greenery, nature reserves, and other open 
green spaces (NParks, 2012). The NParks also stipulates detailed guidelines 
for the provision of greenery buffers and planting strips, and for the protection 
of large trees (NParks, 2011). In recent years, other government agencies such 
as the Urban Redevelopment Authority (URA), and Building and Construction 
Authority (BCA) also provide incentive schemes for developers to incorporate 
greenery, especially skyrise (i.e., vertical and rooftop) greenery, on their 
premises (BCA, 2010; URA, 2011). An inter-ministerial committee for 
sustainable development (IMCSD) recently endorsed a Sustainable Blueprint, 
that targets for 0.8 ha of parkland to be provided for every 1000 persons, for 
the area of skyrise greenery to be increased by 50 ha, and for the length of 
park connectors to reach 360 km, by the year 2030 (IMCSD, 2009). New 
towns, consisting mostly of public housing developed by the Housing and 
Development Board (HDB), have won awards for their designs, which include 
setting aside green spaces in housing precincts (Foo, 2001). 
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Owing to the restrictions imposed by being an island state with a small 
area, both natural and cultivated greenery are forced into close proximity and 
in a mosaic pattern in Singapore’s landscape. According to Yee et al. (2011), 
27.45% of total land area consists of manicured greenery in lawns, golf 
courses and horticultural landscaping, 38.85% is unvegetated and consists of 
sealed surfaces, buildings and roads, while the remainder are various forms of 
natural greenery such as forests and scrubland. This offers a unique 
opportunity to use the gradient framework to answer the question of whether 
cultivated greenery is able to serve as a replacement for natural vegetation in 
terms of supporting animal communities and diversity. 
Most ecological studies in urbanized or mixed landscapes in Singapore 
have so far dealt with alien pest bird species such as the house crow (Corvus 
splendens), Javan myna (Acridotheres javanicus) and common myna 
(Acridotheres tristis), focusing on population dynamics (Brook et al., 2003b), 
roost characteristics, and habitat ranges (Peh & Sodhi, 2002; Soh et al., 2002; 
Yap et al., 2002; Lim et al., 2003; Yap, 2003; Lim & Sodhi, 2009). Only two 
other studies have dealt with animal communities in Singapore’s urban 
environments (Lim & Sodhi, 2004; Koh & Sodhi, 2004; results summarized in 
Table 1.1). Lim & Sodhi (2004) did differentiate between managed and 
natural green spaces in the landscape around transects, and subsampled 
canopy cover and the number of trees with DBH > 5.0 cm in plots within 
transects, while Koh & Sodhi (2004) differentiated between forest and 
managed park cover at a coarse landscape level, and between trees and 
flowering shrubs subsampled by small plots at the ends of transects. In both 
studies, however, greenery at the landscape level outside of defined green 
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spaces, i.e., standard landscaping and streetscaping, were not included as 
satellite imagery, and geospatial tools were not as available back then as they 
are today. 
In Chapters 2 and 3, I utilize data on greenery cover, derived from satellite 
imagery and separated into natural and cultivated components, to tease apart 
the associations between different urban greenery components with bird and 
butterfly species richness. I also test for interaction effects between traffic 
(using the density of road lanes as a proxy) and greenery. In Chapter 2, I also 
test the hypothesis that cultivated greenery is not associated in the same way 
with bird and butterfly community composition as natural greenery. In 
Chapter 3, I compare the relative importance of the greenery components on 
species richness at different spatial scales. After these investigations into 
species richness and community diversity, Chapter 4 examines the changes in 
abundance of the most common urban bird species over the past decade. 
Finally, in Chapter 5, I conclude by discussing the implications, limitations, 
and future work from my studies, and the opportunities and challenges for 
biodiversity conservation in urban areas. 
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2. Different Effects of the Natural and Cultivated Components of Urban 
Greenery on Bird and Butterfly Diversity in Singapore 
2.1. Introduction 
As reviewed in Chapter 1, animal species richness or diversity generally 
increases with the size of green spaces (Clark et al., 2007; Carbó-Ramírez & 
Zuria 2011) or with increasing vegetation or greenery cover (Daniels & 
Kirkpatrick, 2006; MacGregor-Fors, 2008; van Heezik et al., 2008; Stagoll et 
al., 2010; S. Fontana et al 2011; Lerman & Warren, 2011; MacGregor-Fors & 
Schondube, 2011). Proper management and provision of greenery is therefore 
seen as a way to ameliorate the hostility of the urban environment for wildlife 
(Sandström et al., 2006; Goddard et al., 2010; Sadler et al., 2010), by 
increasing the diversity and prevalence of urban animals. An important 
question that is yet unanswered is: are all types of urban greenery of the same 
ecological utility? Urban landscapes are a mosaic of remnant natural habitats, 
regenerating vegetation or waste ground, and managed parks, gardens, and 
streetscapes. Even within the category of managed vegetation, green cover can 
be further divided according to vertical strata that may have different uses for 
urban animals (Suarez-Rubio & Thomlinson, 2009). Certain species prefer to 
forage on ground cover, while some species are arboreal; yet other species 
may require thick understorey vegetation for shelter (Schlesinger et al., 2008). 
Combining all these different types of greenery under a single variable may 
confound the search for patterns of species richness. Most studies conducted 
so far, however, either do not make a distinction between cultivated and 
natural green cover or had only one of these types (see Chapter 1, Table 1.1). 
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Furthermore, most studies that found a relationship between the amount of 
greenery and species diversity have focused on sampling diversity within 
localities, i.e., α-diversity. However, for the purposes of understanding and 
managing patterns of biological diversity at the larger landscape scale of cities, 
α-diversity alone at small, local scales is insufficient. Therefore, it is also 
important to compare the effects of different forms of greenery on the 
structuring and diversity of community composition between localities, i.e., β-
diversity. Studies in agricultural landscapes showed that mean α-diversity 
contributes a relatively small proportion to total species richness compared to 
β-diversity (Tylianakis et al., 2005, 2006; Koh, 2008; Flohre et al., 2011). 
Patterns of α-diversity are not always congruent with patterns of β-diversity 
(Kessler et al., 2009). Ignoring patterns of β-diversity can therefore lead to 
erroneous conclusions (Tylianakis et al., 2005). 
β-diversity can be investigated either in terms of community turnover 
(defined as the directional change in communities along a specified 
environmental gradient) or as community dispersion (defined as the variation 
on community composition at a given set of environmental conditions), both 
of which make up diversity in community composition between sites 
(Anderson et al., 2011). Studies on the effects of urban greenery on animal 
communities have only dealt with community composition, most often using 
unconstrained ordination (e.g., White et al., 2005) often followed by post-hoc 
correlations with habitat or landscape variables (e.g., Koh & Sodhi, 2004; 
Suarez-Rubio & Thomlinson, 2009; Minor & Urban, 2010; Zhou & Chu, 
2012) or constrained ordination techniques (e.g., Lim & Sodhi, 2004; Sattler et 
al., 2010; Villegas & Garitano-Zavala, 2010; Carbó-Ramírez & Zuria; 2011; 
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S. Fontana et al., 2011; Lerman & Warren, 2011; Threlfall et al., 2012). These 
approaches investigate community turnover and help to identify the 
combinations of species associated with various aspects of the urban landscape 
but do not address whether community dispersion, in terms of variation in 
combinations of species, increase or decrease along these gradients (see 
Anderson et al., 2011). 
In this Chapter, my aims are: 
1. To test the hypothesis that the effects of natural forest and scrub, and 
cultivated tree, shrub, and ground cover on bird and butterfly α-
diversity (in terms of species richness, which is the simplest and most 
direct measure of biological diversity) are different. 
2. As traffic is emerging as a strong influence on urban communities 
(reviewed in Chapter 1), I include a measure of traffic density (in terms 
of road lane density) as a variable in my analysis, and further 
hypothesize that traffic interacts with greenery in its effects on α-
diversity. 
3. To explore if traffic and the different components of greenery are 
associated with different gradients of bird and butterfly community 
turnover. 
4. To test if cultivated greenery and natural greenery support the same 




2.2.1. Transect Localities 
Twenty eight transects in this study were a re-survey of the sites from the 
study by Lim & Sodhi (2004). These transects were chosen via stratified 
random sampling across the northern, southern, eastern, and western regions 
of the Singapore Island (see Chapter 4, section 4.2.1). Nine more transects 
were added from large study sites (see Chapter 3, section 3.2.1) and another 
five were designated by the collaborating government agencies in this research 
project to include land use types underrepresented in the other transects. The 
locations of these 42 transects are shown in Figure 2.1. All transects measured 
500 by 100 m and were placed along accessible linear routes such as 
pedestrian footpaths. The closest distance between any two transects was 
about 430 m. 
 The weather period during which the surveys occurred were typical of 
the general climate of Singapore as described in Section 1.4 and there were no 
special events occuring that may have caused the results to be unrepresentative 
of the state of bird and butterfly ecology in urban Singapore.  
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Figure 2.1. Location of the transects in Singapore. Red arrow in the inset 
indicated Singapore’s location within Southeast Asia. “Old transects” refer to 
the sites surveyed by Lim & Sodhi (2004), while 14 “new transects” were 
added in this current study.
2.2.2. Bird and Butterfly Surveys 
Bird surveys were conducted between 7−10 am while butterfly surveys were 
carried out between 8 am and 1 pm, separately on days of fair weather. For 
each survey, all individuals of the taxon being surveyed along the transect 
were counted. Bird counts were restricted to individuals estimated to be within 
50 m of the midline of the transect, while butterflies were restricted to within 
20 m. All individuals were identified to species where possible, except for 
certain species of butterflies that were too small and moved too quickly for 
confident identification. These were grouped as morphospecies. These groups 
include oakblues (Arhopala spp.), grass yellows (Eurema spp.), banded awls 
(Hasora spp.), bush browns (Mycalesis spp.), flashes (Rapala spp.), and 
Ypthima spp. Birds were ignored when they were flying overhead without 
interacting with the area on the ground under observation. The transect walk 
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was timed to be completed within 20−30 min to ensure consistent survey 
effort. Faunal surveys for each transect were repeated once every two months 
for one year to capture the variation in species composition owing to annual 
bird and butterfly migrations and intra-annual variations. Each set of six 
surveys were then combined as the community composition of each transect. 
The field study period lasted from 2 March 2010 to 28 June 2011. 
2.2.3. Greenery and Traffic Variables 
Cultivated tree cover (TREE) within each transect was defined as the total 
crown area of artificially planted, woody plant species with a single stem or 
trunk and above 4 m tall. Cultivated shrub cover (SHRUB) was defined as the 
area covered by foliage of artificially planted woody or herbaceous plants that 
were below 4 m tall. Cultivated ground cover (GROUND) was defined as 
managed lawn and regularly-mowed patches of turf. An area can be 
simultaneously covered by turf, shrubs or trees. I also calculated overall 
cultivated greenery cover (GREEN), which is the area of cultivated greenery, 
without differentiating into vertical strata. Unmanaged natural or semi-natural 
vegetation (hereafter “spontaneous”; NAT) consists of two mutually exclusive 
categories: FOREST—dominated by tall woody plants that form a closed 
canopy; and SCRUB—dominated mainly by tall, unmanaged grasses and herbs, 
sometimes with the presence of small woody plants. As the path taken by 
some transects was not an exact straight line, some transects were slightly 
smaller than 5 ha in area. All greenery variables were therefore standardized 
as percentage cover. The density of road lanes (TRAFFIC) was calculated by the 
sum of the products of the length of each road segment (s) within a transect 
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and the number of road lanes (l) in that road segment, divided by the area of 




To measure these variables accurately, I used combinations of recent high-
resolution satellite imagery, and verified these with careful ground-truthing. 
Boundaries of turf and cultivated shrub cover were drawn on geo-referenced 
0.5 m resolution GeoEye-1 satellite images taken in June 2009. Additional turf 
or shrub cover obscured by vegetation or buildings in the satellite images were 
manually estimated and drawn from ground-truthing surveys in 2010 and 2011 
with the aid of road, building, and carpark footprint GIS layers from the Land 
Transport Authority (LTA), the Building and Construction Authority (BCA), 
and the Housing and Development Board (HDB), respectively, as references. 
This process is fairly accurate as most of the turf and cultivated shrub patches 
were angular in configuration. Areas of natural scrub and the number of road 
lanes in each road segment were also recorded from the ground-truthing field 
surveys. 
A manually adjusted, automated classification technique was used to 
create tree (both natural and cultivated) crown cover areas. 2-m resolution, 4-
band multispectral, GeoEye satellite images which have Red‒Near-
Infared‒Blue combination were used for this purpose. The images were first 
divided into polygons using the software eCognition version 8.0.1 (Trimble, 
2010), following which the parameters of colour, shape, and size were 
adjusted manually for each site until the polygons demarcating crown covers 
were obtained. The resultant layer was exported to ArcGIS version 10 (ESRI, 
2011) and overlayed on 0.5 m resolution GeoEye images for verification as 
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the 0.5 m pan-sharpened colour images possessed a higher amount of detail. 
The details of this method are given in Appendix B. The tree crown cover was 
then divided into natural forest cover and cultivated tree cover based on field 
surveys. 
2.2.4. Statistical Analyses 
All analyses were conducted in the statistical programming environment R 
version 2.10.1 (R Development Core Team, 2009). Species richness of birds 
and butterflies of transects (i.e., α-diversity) was modelled as counts using 
generalized linear models (GLMs), with Poisson error terms (Bolker et al., 
2008). Quantile plots, histograms of residuals, and plots of residuals against 
fitted values were examined for non-linearity, heteroscedascity, or presence of 
high-leverage outliers. Greenery variables (%) were square-root transformed 
to improve model fit. 
I used information-theoretic criteria to rank models that were linear 
combinations of predictor variables as competing hypotheses that explain 
variation in species richness (Burnham & Anderson 2002). To avoid double-
counting, models with GREEN as a variable would not also have the variables 
TREE, SHRUB or GROUND. As NAT is the sum of FOREST and SCRUB, only NAT 
and FOREST were used as variables to eliminate redundancy in the candidate 
model set. Finally, only interactions between TRAFFIC and the greenery 
variables were considered. Models with interaction terms must also retain the 
first order terms as variables. Because my sample size was small, to avoid 
overfitting my models, I restricted the number of predictor variables to one-
tenth of my sample size (following Bickford et al., 2010), i.e., a maximum of 
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four variables, including interaction terms. Following these rules, a list of 80 
candidate models including a null model without any predictors was generated 
(see Appendix C). For each GLM fitted to the data, I calculated Akaike’s 
information criterion corrected for small sample sizes (AICc), and the 
difference in AICc between each model and the model with the lowest AICc 
(ΔAICc). Models with ΔAICc < 2.0 were considered to have substantial support 
(Burnham & Anderson 2002). From ΔAICc I also calculated the relative 
likelihood of the model (rL),  
𝑟𝐿 = e(−0.5×Δ𝐴𝐼𝐶𝑐) 
and from this the model weight (w), 
𝑤𝑖 = 𝑟𝐿𝑖∑ 𝑟𝐿 
which is the probability that this ith model is the best model among all the 
candidate models considered. The top 10 models are presented in decreasing 
order of w. I also calculated the percentage of deviance explained (%dev) as a 
measure of the explanatory power of each model. 
To graphically represent the relationships between the response and the 
explanatory variables, I generated the responses of bird and butterfly species 
richness to the variables that were present in the best models with ∆AICc <2.0 
using the model averaging methods described by Burnham & Anderson 
(2002). 
Aside from testing the effects of different types of greenery and traffic on 
α-diversity, I also sought to uncover the effects on β-diversity. Anderson et al. 
(2011) distinguished between two types of β-diversity: the composition of a 
community can vary along an environmental gradient because of loss or gain 
of species or individuals of species or it can vary within a given set of 
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environmental conditions. I term the first kind of variation as community 
turnover owing to its directional characteristics, and the second as community 
dispersion as it corresponds directly with multivariate dispersion (Anderson et 
al., 2006; Anderson et al., 2011). Community analyses were conducted using 
the “vegan” package (Oksanen et al., 2010). 
In order to quantify dissimilarities between observed communities, 
whether in terms of turnover or dispersion, a large variety of metrics, or 
“distances”, have been developed, each with particular properties suitable with 
different types of information and research questions. Careful choice of a suite 
of metrics and comparing results can provide insights in otherwise confounded 
analyses (Anderson et al., 2011). Here I use two distance measures: Jaccard’s 
dissimilarity, and the Raup-Crick dissimilarity. Jaccard’s distance is the most 
basic measure that uses presence/absence information only, and is simply the 
proportion of species that are unique to either of two communities, i.e., 
𝐽𝑖𝑗 = 1 − 𝑎𝑖 ∩ 𝑎𝑗𝑎𝑖 ∪ 𝑎𝑗 
where ai is the set of species found in the ith community and aj is the set of 
species found in the jth community. 
However, the Jaccard’s index is confounded by the level of α-diversity 
(i.e., the species richness) of the communities under comparison. Using the 
example from Vellend et al. (2007), a pair of communities with two and 10 
species each will share at most two species (i.e., all the species in the smaller 
set are found in the larger set), therefore J would have a minimum value of 1-
0.2=0.8. In contrast, a pair of communities both with 10 species can share 
anywhere between zero and 10 species, therefore possible values of J can start 
from 0 (i.e., communities are exactly similar). In short, dissimilarity measured 
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by J will be exaggerated when there are communities that are poorer in species 
compared to others. 
The Raup-Crick distance controls for this confounding effect of difference 
in α-diversity by random draws of pairs of communities from the species 
pooled from all communities, with the same species richness as the observed 
pair of communities. The proportion of these random pairs that share the same 
number of species or more than the observed pair is the Raup-Crick distance 
(Vellend et al., 2007; Anderson et al., 2011). 
Indirect gradient analysis was used to investigate turnover in community 
composition with increasing amounts of different types of greenery cover and 
road lane density (McCune and Grace 2002). I first conducted non-parametric 
multidimensional scaling (NMDS) on bird and butterfly composition to 
arrange the transects into community gradients according to compositional 
similarity. A separate ordination was conducted for each of the two distance 
measures used. I examined the stress values of the best ordination solution 
arrived at after 20 tries, or upon convergence of any two tries, and increased 
the number of dimensions to achieve best solutions with stress values of < 
20.0 that would allow fair representation of multivariate relationships 
(McCune and Grace 2002). I adopted the same number of dimensions across 
all ordinations to allow for ease of comparability. For each ordination, I 
implement the “vectorfit” function in “vegan” to regress each variable on 
scores for the NMDS axes, calculate the strength of the association (R2), and 
determined the significance of this R2 using a permutation test with 999 
simulations. For graphical representation, variables that were significant 
(permutated p-value ≤ 0.05) were added to NMDS ordination plots as vectors 
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with directions weighted by the regression coefficient with each axis, and the 
length of the vector weighted by the R2 value. 
Tests of community dispersion can be carried out with the permutation 
procedure described by Anderson (2006), but implementation of this test is 
available only with discrete groups and not with continuous variables. I 
therefore used clustering techniques to classify transects into groups according 
to relative amounts of cultivated and spontaneous greenery. Principal 
components analysis (PCA) was conducted to reduce the variables into major 
dimensions of variation. FOREST and NAT loaded strongly on PCA axis 1 while 
TREE, GROUND, and GREEN loaded strongly on PCA axis 2, with both axes 
together explaining 61.8% of the total variation (Figure 2.2). These two 
principal component axes were used in with the k-means algorithm 
implemented with 25 random starts to classify the transects into three groups: 
(1) transects with generally low levels in both spontaneous and cultivated 
greenery forms of cover, (2) transects with high levels of cultivated greenery 
cover, and (3) transects with high levels of spontaneous greenery cover (Table 
2.1). K-means clustering produced more equal group sizes (n in Table 2.1) 
between the high cultivated greenery and high spontaneous greenery cover 
groups than the hierarchical clustering method. 
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Figure 2.2. Principal components analysis (PCA) biplot of the greenery and 
traffic variables. Symbols represent the groups from k-means clustering using 
the axis scores: circles—low greenery transects; triangles—high cultivated 
greenery transects; crosses—high natural greenery transects. Inset graph 




Table 2.1. Three groups of transects from k-means clustering using PCA axis 











GREEN 41.5 ± 2.5 76.4 ± 4.0 69.7 ± 4.7 
 
TREE 25.4 ± 2.2 54.1 ± 6.1 14.0 ± 3.1 
 
SHRUB 2.96 ± 0.51 3.06 ± 1.03 1.16 ± 0.40 
 
GROUND 21.2 ± 2.1 54.2 ± 3.8 10.6 ± 2.5 
NAT 1.84 ± 0.99 10.1 ± 3.8 56.8 ± 7.1 
 
FOREST 1.84 ± 0.99 7.95 ± 3.77 50.2 ± 8.7 
TRAFFIC 0.032 ± 0.003 0.018 ± 0.006 0.025 ± 0.006 
 
Community dispersion was measured as the distance in principal 
coordinate space of each transect from its group centroid using the 
“betadisper” function in the “vegan” package. Pairwise permutational F-tests, 
analogous to Levene’s test to compare homogeneity of variance across the 
levels of a factor, from 999 simulations were implemented to determine if 
multivariate dispersion is similar across the groups. 
I tested for spatial autocorrelation in species richness with Moran’s I using 
the R package “ape” (Paradis et al., 2004). 
2.3. Results 
2.3.1. Species richness 
A total of 20,026 counts of 136 bird species and 6,376 counts of 106 butterfly 
species was counted from six repeat surveys of each of the 42 transects. 
Transect bird species richness ranged from 17−58 (mean ± s.e. = 32.7 ± 1.8) 
and transect butterfly species richness ranged from 6−51 (17.1 ± 1.3). Moran’s 
I was not significant for both birds (p-value = 0.529) and butterflies (p-value = 
0.375), suggesting that species richness of transects was spatially independent. 
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All the top 10 models included TRAFFIC and either NAT or FOREST as 
variables (Table 2.2). There were two models with substantial support (∆AICc  
≤ 2.0) for both bird and butterfly species richness (Table 2.2). The best model 
for predicting bird species richness had the following terms (coefficient ± 
s.e.): the interaction term TREE×TRAFFIC (2.54 ± 0.96) with main effects TREE 
(0.0609 ± 0.0200) and TRAFFIC (−11.1 ± 1.7), NAT (0.0623 ± 0.0091), and the 
intercept term (3.45 ± 0.03). The second best model for birds did not have the 
interaction term but had the variable GROUND (−0.0585 ± 0.0237) together 
with NAT (0.0526 ± 0.0096), TREE (0.0788 ± 0.0251), TRAFFIC (−12.0 ± 1.7), 
and the intercept (3.44 ± 0.03). For butterfly species richness, the best model 
had the following variables: NAT (0.0832 ± 0.0110), TRAFFIC (−8.57 ± 2.21) 
and the intercept (2.78 ± 0.04). The next best model for butterflies contained 
also contained NAT (0.0702 ± 0.0141) and TRAFFIC (−7.63 ± 2.82) in addition 
to GREEN (0.0545 ± 0.0373), with the intercept (2.78 ± 0.04). 
The interaction between TREE and TRAFFIC in the best bird models show 
that increasing tree cover has a buffering effect on the negative impacts of 
increasing road lane density (Figure 2.3). This interaction term was present in 
the best model; in comparison, the AICc of the model without this interaction 
term (i.e., the third model in Table 2.2) was higher by 4.62 points, indicating 
substantial empirical support for the effect of the interaction term. The 
negative effects of turf cover for birds and the positive effect of overall 
greenery cover for butterflies were weak compared to the effects of natural 
vegetation and road lane density.  
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Table 2.2. Top 10 models for predicting species richness, ranked in decreasing 
order of model weights, w. NAT—percentage spontaneous vegetation (i.e., 
forest and scrub) cover; TRAFFIC—road lane density; FOREST—percentage 
forest cover; TREE—percentage cultivated tree cover; GREEN—percentage 
cultivated greenery (cultivated trees, shrubs and ground) cover; SHRUB—
percentage cultivated shrub cover; GROUND—percentage cultivated ground 
cover. 
Models k AICc ∆AICc rL w %dev 
Bird Species Richness             
~TREE+NAT+TRAFFIC 
 +TREE×TRAFFIC 5 274.36 0 1 0.441 74.4 
~TREE+GROUND+NAT+TRAFFIC 5 275.21 0.85 0.655 0.289 73.8 
~TREE+NAT+TRAFFIC 4 278.98 4.62 0.099 0.044 69.9 
~TREE+SHRUB+NAT+TRAFFIC 5 279.68 5.32 0.070 0.031 71.1 
~TREE+NAT+TRAFFIC 
 +NAT×TRAFFIC 5 280.02 5.66 0.059 0.026 70.9 
~NAT+TRAFFIC 3 280.08 5.72 0.057 0.025 67.7 
~TREE+SHRUB+FOREST+TRAFFIC 5 280.72 6.36 0.042 0.018 70.4 
~TREE+GROUND+FOREST+TRAFFIC 5 280.97 6.61 0.037 0.016 70.3 
~NAT+TRAFFIC 
 +NAT×TRAFFIC 4 281.29 6.93 0.031 0.014 68.5 
~GREEN+NAT+TRAFFIC 4 281.67 7.31 0.026 0.011 68.2 
Butterfly Species Richness 
      ~NAT+TRAFFIC 3 264.13 0 1 0.184 55.3 
~GREEN+NAT+TRAFFIC 4 264.46 0.32 0.851 0.156 56.7 
~GROUND+NAT+TRAFFIC 4 266.26 2.13 0.345 0.064 55.5 
~TREE+NAT+TRAFFIC 4 266.39 2.26 0.324 0.059 55.4 
~SHRUB+NAT+TRAFFIC 4 266.43 2.30 0.317 0.058 55.4 
~NAT+TRAFFIC 
 +NAT×TRAFFIC 4 266.51 2.38 0.304 0.056 55.3 
~GREEN+NAT+TRAFFIC 
 +NAT×TRAFFIC 5 267.01 2.88 0.237 0.044 56.8 
~GREEN+NAT+TRAFFIC 
 +GREEN×TRAFFIC 5 267.04 2.91 0.234 0.043 56.7 
~TREE+GROUND+NAT+TRAFFIC 5 267.26 3.13 0.209 0.038 56.6 




Figure 2.3. Model-averaged predictions of bird species richness with (a) 
natural vegetation cover, (b, c) interactions between road lane density and 
cultivated tree cover (TREE), and (d) cultivated turf cover. 
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Figure 2.4. Model-averaged predictions of butterfly species richness with (a) 
natural vegetation cover, (b) road lane density, and (c) overall cultivated 
greenery cover. 
2.3.2. Community Turnover 
Community composition was significantly associated with increasing amounts 
of various components of greenery cover (see Table 2.4). Using Jaccard’s 
distances as a measure of community dissimilarity, GREEN, NAT, and FOREST 
correlated most strongly with NMDS axis 1 in the same direction, while 
SHRUB and SCRUB were correlated in opposite directions with each other with 
NMDS axis 2. This was true for both bird communities (Figure 2.5a) and 
butterfly communities (Figure 2.6a). For bird communities, SHRUB and 
GROUND were correlated strongly with NMDS axis 3 and in opposite 
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directions from NAT and FOREST (Figure 2.5b). Controlling for the effects of α-
diversity with Raup-Crick distances for birds, GREEN, NAT, and FOREST were 
correlated in the same direction with NMDS axis 1, while GROUND was also 
correlated with NMDS axis 1 but in the opposite direction. SHRUB and SCRUB 
were still correlated in opposite directions with NMDS axis 2. TREE was 
correlated most strongly with NMDS axis 3 when Raup-Crick distances were 
used, in the same direction as SHRUB, GROUND, and GREEN, but in opposite 
direction from SCRUB, NAT, and FOREST (Figure 2.5c, d). Using Raup-Crick 
distances, only GREEN, NAT and FOREST were significantly associated the 
butterfly communities, in the same direction and most strongly with NMDS 
axis 2, while SCRUB and SHRUB were not significantly correlated with the 
NMDS axes (Figure 2.6c, d). 
The three groups formed a gradient along a single NMDS axis for both 
bird and butterfly communities (Figures 2.5 and 2.6). Transects with high 
levels of cultivated greenery cover were generally intermediate in community 
compositions between transects with low levels of greenery cover and high 
levels of spontaneous greenery cover. 
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Table 2.4. Correlations of greenery and traffic variables with gradients of community composition represented by NMDS axis 
scores. Rows in bold indicate a significant correlation (999 permutations, p-value <0.05). 
    Jaccard Raup-Crick 
Variables NMDS 1 NMDS 2 NMDS 3 R2 NMDS 1 NMDS 2 NMDS 3 R2 
Bird Communities               
GREEN 0.978 0.066 0.197 0.420 0.863 –0.432 0.263 0.401 
 
TREE –0.048 –0.231 0.972 0.147 –0.261 –0.393 0.882 0.221 
 
SHRUB –0.236 0.606 0.759 0.375 –0.176 0.746 0.642 0.278 
 
GROUND –0.279 –0.488 0.827 0.230 –0.641 –0.475 0.603 0.251 
NAT 0.805 0.116 –0.582 0.744 0.947 –0.274 –0.167 0.693 
 
FOREST 0.795 0.331 –0.509 0.795 0.995 –0.093 –0.038 0.785 
 
SCRUB 0.128 –0.908 –0.398 0.190 –0.163 –0.864 –0.476 0.203 
TRAFFIC –0.445 0.374 –0.813 0.437 –0.251 0.512 –0.821 0.349 
Butterfly Communities 
       GREEN 0.985 0.020 0.173 0.362 –0.138 0.733 0.666 0.311 
 
TREE –0.253 0.387 0.887 0.125 0.626 –0.565 0.538 0.122 
 
SHRUB –0.290 –0.935 –0.204 0.304 –0.861 –0.508 –0.024 0.139 
 
GROUND –0.407 0.525 0.747 0.079 0.918 –0.295 0.264 0.079 
NAT 0.942 0.064 –0.328 0.527 –0.231 0.870 0.436 0.369 
 
FOREST 0.840 –0.268 –0.472 0.542 –0.376 0.863 0.338 0.373 
 
SCRUB 0.119 0.968 0.219 0.278 0.749 0.221 0.624 0.157 
TRAFFIC –0.708 –0.345 –0.617 0.140 –0.282 –0.943 –0.178 0.041 
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Figure 2.5. NMDS plots of bird communities and overlays of greenery and 
traffic variables. Symbols represent the groups from k-means clustering using 
the axis scores: circles—low greenery transects; triangles—high cultivated 
greenery transects; crosses—high natural greenery transects. 
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Figure 2.6. NMDS plots of butterfly communities and overlays of greenery 
and traffic variables. Symbols represent the groups from k-means clustering 
using the axis scores: circles—low greenery transects; triangles—high 
cultivated greenery transects; crosses—high natural greenery transects. 
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2.3.3. Community Dispersion 
Using Jaccard’s distance, these three groups were not significantly different in 
community dispersion (birds, pseudo-F = 0.1221, p-value = 0.877; butterflies, 
pseudo-F = 0.5257, p-value = 0.622), but after controlling for α-diversity with 
Raup-Crick distances, there were significant differences (birds, pseudo-F = 
13.971, p-value ≤ 0.001; butterflies, pseudo-F = 59.807, p-value ≤ 0.001). 
Using pairwise comparisons, for birds, transects with high levels of 
spontaneous greenery cover had significantly higher community dispersion 
than both high levels of cultivated greenery cover (p-value ≤ 0.001) and low 
greenery cover (p-value ≤ 0.001) (Figure 2.7), while community dispersion 
was not significantly different between transects with high levels of cultivated 
greenery and those with low greenery cover (p-value = 0.399). For butterflies, 
high spontaneous greenery cover had significantly more dispersed 
communities than transects with high cultivated greenery or low greenery 
cover (both p-values ≤ 0.001) while transects with high cultivated greenery 
cover was also significantly more dispersed than those with low greenery 
cover (p-value ≤ 0.001). 
To test if significant differences in Raup-Crick distances were artefacts of 
differences in geographical distances (i.e., spatial autocorrelation in 
community composition), I carried out Mantel tests with 999 permutations. 
Raup-Crick distances were not significantly correlated with distances between 
transects for both birds (r = -0.01197, p-value = 0.478) and butterflies (r = 
0.04416, p-value = 0.22). Geographical distances were also not significantly 
different between groups (pseudo-F = 0.642, p-value = 0.537).
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Figure 2.7. Boxplots of community dispersion measured with Jaccard’s 
distances (left) and Raup-Crick distances (right) for birds (top) and butterflies 
(bottom), comparing between groups of transects with low greenery (LG), 
high cultivated greenery (HCG), and high natural greenery (HNG). Letters 
above the boxplots represent results from pairwise permutational tests of 
significance (999 permutations); groups that do not share the same alphabet 
are significantly different (i.e., p-value <0.05) in community dispersion. 
2.4. Discussion 
For both birds and butterflies, natural greenery cover and road lane density are 
clearly the important predictors of α-diversity. Models with these two 
variables alone already explain 67.4% of deviance for birds and 55.3% of 
deviance for butterflies (Table 2.1), which are very high values for ecological 
studies (Møller & Jennions, 2002). The high complexity within natural 
vegetation likely provides more nesting space, shelter, and food for a wider 
range of species compared to the urban environment. 
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On the other hand, not all forms of cultivated greenery will enhance α-
diversity, and birds and butterflies respond differently to these different forms. 
Bird species richness increases with increasing cultivated tree cover, but 
decreases with increasing cultivated turf cover (Figure 2.3). Trees, in contrast 
to mowed lawns, provide additional habitat complexity by providing another 
dimension to otherwise planar open spaces. Trees may be particularly 
important in urban areas in forest biomes, such as in the wet tropics. Native 
biodiversity in these areas would already be adapted to seek shelter and forage 
for food in dense stands of woody vegetation. On the other hand, large 
expanses of lawn may only promote the existence of exotic species introduced 
from areas where the dominant habitat is open grassland. For example, the 
Javan mynas (Acridotheres javanicus) and Eurasian tree sparrows (Passer 
montanus) which are non-natives in Singapore prefer to forage in mowed 
lawns here (Sodhi & Sharp, 2006). There was support for a weak positive role 
of overall cultivated greenery on butterfly species richness (Figure 2.4). For 
butterflies, cultivating more trees and shrubs that provide nectar for adult 
butterflies, and utilizing a greater range of food plant species in planting 
schemes may be more effective than simply increasing the amount of 
cultivated greenery cover (Koh & Sodhi, 2004). 
After separating different forms of greenery, I also found separate effects 
on bird and butterfly community composition. While the faunal assemblages 
associated with high levels of overall cultivated greenery cover can partially 
resemble the community assemblages associated with high levels of 
spontaneous greenery and forest cover, the individual forms of cultivated 
greenery were associated with assemblages along community gradients 
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different from or even diametrically opposed to, those associated with forest 
and scrub cover (Figures 2.5 and 2.6). Furthermore, bird and butterfly 
assemblages of areas with high levels of cultivated greenery are intermediate 
between those of low levels of overall greenery and high levels of spontaneous 
greenery. Therefore, even though cultivated tree cover and spontaneous 
vegetation cover are both associated with bird α-diversity, they cannot serve as 
perfect substitutes for each other. 
I also found that high levels of spontaneous greenery are associated with 
bird and butterfly assemblages that are more dispersed (i.e., varied) than those 
associated with high levels of cultivated greenery. This difference is masked 
when using Jaccard’s distance as a measure of β-diversity, hence showing the 
importance of controlling for the confounding effects of α-diversity (Vellend 
et al., 2007; Anderson et al., 2011). Managed greenery tends to be simpler in 
plant species composition and physical structure compared to natural or semi-
natural vegetation. This lower environmental heterogeneity may be utilised 
only by a small set of species. This implies that promoting managed greenery 
as a replacement for natural greenery will result in faunal homogenization 
across the urban landscape. While certain cultivated greenery forms such as 
trees can improve local bird diversity, the same set of species are favoured at 
localities with high levels of cultivated greenery. For example, the typical set 
of bird species in areas with high cultivated greenery are the black-naped 
oriole, the olive-backed and brown-throated sunbirds, the scarlet-backed 
flowerpecker, the pink-necked green pigeon, the Asian koel, etc. This effect of 
homogenizing bird and butterfly communities between localities further 
cautions against the use of artificial greenery as a replacement for spontaneous 
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vegetation that is to be cleared. Biotic homogenization between cities (birds 
and plants: McKinney, 2006; plants: Winter et al., 2009) and with increasing 
urbanization (birds and butterflies: Blair, 2001; plants: Kühn & Klotz, 2006) 
has been documented previously. The results here suggest that 
homogenization within a city may be driven by loss of natural vegetation and 
is not countered by cultivated vegetation. 
The mechanism by which traffic causes lower species richness is still 
being debated. For populations, there are two main hypotheses for the negative 
effect of roads: direct mortality versus traffic avoidance (Kociolek et al., 
2011). Increasing noise and air pollution associated with increasing density of 
road lanes would repel species with low tolerance to these factors from the 
road verges, thereby only leaving a subset of species with higher tolerance. 
However, Summers et al. (2011) did not find evidence that traffic noise had a 
stronger effect than distance from the road, or that richness reached a 
maximum where traffic noise reached a minimum. They instead proposed that 
the main mechanism for a negative relationship between species richness and 
proximity to roads is traffic mortality. 
While mortality would reduce abundances of species, it is unclear how this 
would eventually result in lower species richness. In contrast, there is more 
mechanistic evidence for how noise and traffic avoidance can result in species 
richness and community patterns. McLaughlin and Kunc (in press) found that 
male urban European robins (Erithacus rubecula) not only increased song 
minimum frequencies and sang less complex, shorter songs, but also moved 
away from the noise source, when noise levels were experimentally increased. 
Francis et al. (2009) found that nest placement of several species and even 
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brood parasitism by the brown-headed cowbird (Molothrus ater) demonstrated 
noise avoidance. Urban-adapted black-tufted marmosets (Callithrix 
penicillata) avoided the use of noisy areas even though these areas had more 
trees that were used in their diets (Duarte et al., 2011). The greater mouse-
eared bat (Myotis myotis), which hunts by listening for prey sounds, was also 
shown to avoid foraging in experimentally noisy versus quiet compartments, 
although foraging rates were still higher when playback from traffic was used 
compared to simulated rustling of reed vegetation as sources of noise (Schaub 
et al., 2008). Differences in degree of noise avoidance in birds would then 
result in species richness and community patterns with increasing noise 
(González-Oreja et al., 2012; Patón et al., 2012). However, it is difficult to 
isolate the effects of noise and other types of anthropogenic disturbance 
caused by roads (Barber et al., 2010). Given that butterflies do not use acoustic 
communication, but are also shown here to be affected by roads, other factors 
such as the creation of eddy currents by passing cars that interfere with the 
flight of weaker butterfly species, may be responsible. 
Road avoidance is more likely to explain lower abundances of more 
mobile birds and mammals, while road-associated mortality is more likely to 
apply for reptiles and amphibians which are attracted to the warmth of road 
surfaces but do not move fast enough to avoid incoming traffic (Fahrig & 
Rytwinski, 2009). For these abundance effects to be translated into community 
patterns, however, road mortality would have to selectively remove 
individuals of certain species consistently more than others. Personal 
observations are that there are few bird carcasses on the roads of Singapore 
and always of very abundant species that are found around roads (e.g., Javan 
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mynas or rock pigeons [Columba livia]). Therefore it is probably a small 
subset of bolder species would be able to tolerate the noise, heat, light, wind, 
and pollution associated with busy and large roads, leading to lower species 
richness and a predictable community composition in areas of higher road lane 
densities. A caveat is that the measure of road lane density here is assumed to 
reflect traffic intensity, i.e., the rate of vehicular movement and its associated 
effects such as noise, but because more road lanes also translate to wider roads 
and increased impervious cover, is likely correlated with other urban factors 
such as non-vehicular human activity and building density. Further studies, 
therefore, are needed to tease apart the relative importance of these effects of 
roads. In addition, actual vehicular activity may be confounded by factors not 
related to the size of the road; for example, roads located in areas with high 
natural greenery may have lower rates of car passage. Regardless, impacts on 
wildlife will need to be considered when planning road networks, and urban 
planners will have to plan carefully to avoid existing sensitive and wildlife-
rich areas, while creating refugia and corridors that have low traffic density to 
improve connectivity and survivability. 
There was also substantial support for an interaction between cultivated 
tree cover and traffic, but not cultivated shrub cover. Given that densely 
planted rows of tall shrubs are more likely to be effective than trees for 
buffering against traffic noise and dust pollution, this result may seem 
somewhat surprising. Direct buffering against noise and dust may not, 
therefore, be the mechanism for explaining the interaction effect. Van der Ree 
et al. (2010) found that gliding squirrels were more likely to cross roads with 
trees in the middle divider. In the same way, overhead tree cover along roads 
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may be used by birds and butterflies as shelter or a stepping stone while 
crossing roads. If this is true, it would imply that cultivating trees along both 
sides and in the centre divider of major roads would be able to encourage road 
crossing by volant arboreal taxa and overcome connectivity barriers. This may 
also explain why natural forest on contrast to cultivated tree cover did not 
show an interaction with traffic in my study, as Singapore does not have roads 
that run directly under forest cover, hence the absence of this interaction 
effect. 
Growing urban areas will experience a high demand for space, hence there 
will be increasing pressure for existing patches of remnant or regenerating 
spontaneous vegetation to be cleared for buildings and/or roads. The results of 
this Chapter show the importance of these natural or semi-natural habitats for 
sustaining bird and butterfly community diversity in a tropical city. Taking 
Whittaker’s (1960) multiplicative view of the relationship between α- and β-
diversity in determining total (γ) diversity, i.e., γ = α × β, managing for greater 
variation in community composition between areas within a city can act as a 
multiplier for enhancing whole-city biodiversity. Cultivated greenery may 
deceptively increase local biodiversity, but if it is used to substitute for loss of 
natural vegetation, it will result in homogeneous communities and an 
impoverished total urban diversity. Therefore, in order to manage the total 
biodiversity in an urban area, it is important not just to enhance the species 
richness within localities (α-diversity), but also the variation in communities 
between localities (β-diversity). City-wide landscaping tends to be rather 
homogeneous in planting content and structure, which can lead to 
homogeneous faunal communities as shown in this study. Unless managed 
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greenery can be improved to mimic the ecological functions of natural 
vegetation, maintaining pockets of natural vegetation around managed 
greenery will be needed to provide for a greater variety of animals with 
different adaptabilities to the urban environment. 
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3. The Role of Spatial Scale in the Effects of Urban Greenery and Traffic 
on Bird and Butterfly Species Richness in Singapore 
3.1. Introduction 
Chapter 2 determined that different types of urban greenery cover and traffic 
had different effects on bird and butterfly communities and their diversity in 
Singapore. However, the scale of the sampling and landscape employed in 
Chapter 2 was large (5 ha), and is beyond the typical size of land parcels that 
are put up for individual development projects. 
Responses of individual species to different parts of the urban landscape 
are expected to vary with spatial scale (Hostetler & Knowles-Yanez, 2003; 
Pennington & Blair, 2011; McCaffrey & Mannan, 2012). Scale can refer to 
two aspects: the spatial grain, which is the resolution or smallest size at which 
information on the landscape can be extracted, or the spatial extent, which is 
the total area over which landscape information is used. Spatial grain 
corresponds to the resolution of the satellite imagery used. Spatial extent can 
vary either in terms of the response variable (i.e., sampling scale) or the 
explanatory variable (in this, the landscape scale). 
In the gradient studies conducted so far, there are generally two types of 
investigations. In one type, a survey of constant sampling effort, e.g., a trap or 
call recorder is set or a count is taken at a single point or along a transect of a 
certain length. This unit of sampling is then the unit of replication used in 
subsequent analysis. Sampling scale can vary with the radius around the point 
or width of the transect, although this variability is restricted by the limit of 
observation for a particular taxon, usually 50 m (e.g., Germaine et al., 1998; 
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Lim & Sodhi, 2004; Donnelly & Marzluff, 2006; Luther et al., 2008; Minor & 
Urban, 2010; Sattler et al., 2010; Stagoll et al., 2010; Villegas & Garitano-
Zavala, 2010; S. Fontana et al., 2011) or more rarely 25 m (e.g., White et al., 
2005; MacGregor-Fors & Schondube, 2011) or 100 m (e.g. Schlesinger et al., 
2008) for birds. If the survey is conducted along a transect walk, the length of 
the transect can also vary, e.g., 500 m long with an observation width of 50 m 
away from the mid line of the transect (equivalent to an area of 5 ha; Lim & 
Sodhi, 2004), or 100 m (White et al., 2005) or 400 m (van Heezik et al., 2008) 
long with an observation width of 25 m (1 or 2 ha respectively). Landscape 
scale will vary depending on the distance away from the midpoint or midline 
that will be considered to have an effect on the abundance or occurrence of the 
taxon being surveyed. Here, the variability is much larger. Studies that 
compared multiple landscape scales have done so across one (e.g., Stratford & 
Robinson, 2005; Clark et al., 2007; Smallbone et al., 2011; McCaffery & 
Mannan, 2012) or two (Schelsinger et al., 2008; Minor & Urban, 2010; Sattler 
et al., 2010; Penning & Blair, 2011; Trammel & Bassett, 2012) orders of 
magnitude. 
In the other type of gradient study, surveys of plants or animals are 
conducted within a single patch of a particular landscape, e.g., a park or a 
patch of remnant vegetation, until most or all species have been recorded, i.e. 
the sampling has reached saturation. Usually species accumulation curves or 
species richness estimators will be used to assess sampling saturation. Here, 
the size of the patch is the scale of sampling, and should be controlled for as a 
variable in subsequent analyses when multiple variables are tested (e.g., 
Suarez-Rubio & Thomlinson, 2009; Matteson & Langellotto, 2010; Carbó-
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Ramírez & Zuria, 2011). The landscape is usually extracted from buffer 
regions around the patch of various width ranging from hundreds of metres to 
a few km (e.g., Koh & Sodhi, 2004; Suarez-Rubio & Thomlinson, 2009). 
Some spatial scales may be more important than others in investigating the 
relationship between species richness and the landscape. Comparing between 
1-, 2-, and 3-km buffer regions, Koh & Sodhi (2004) found that butterfly 
species richness in urban parks was significant and most strongly positively 
related to total forest area in 2-km buffers away from the boundary of the 
parks. Stratford & Robinson (2005) compared buffers of 100-m, 200-m, and 1-
km radii around point counts and found models with mixed hardwood cover in 
200-m radius, transitional shrubland cover in 200-m and 1-km radii (in two 
separate years), and urban cover in 1-km radius to be most predictive of 
neotropical migrant bird species richness. Using buffers of 50 m to 1 km away 
from the edge of 75 m by 10 m butterfly transects, Clark et al. (2007) 
generally found that green space cover was more important at the larger spatial 
scales, while road length was important at medium spatial scales. Suarez-
Rubio & Thomlinson (2009) compared 500-m and 1-km buffers and found 
that bird species richness responded similarly to both scales, and subsequently 
only considered the 1-km buffer. The direction of the relationship may also 
change across scales. In the model-averaged equations by Schlesinger et al. 
(2008), the relationships between total, open-nester, and specialist-bird species 
richness with the percentage of development in the surrounding landscape 
were negative at the smallest spatial scales investigated (150 m), positive at 
medium spatial scales (500 m), and negative again at the largest spatial scale 
(1 km). 
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In this chapter, I attempt an exploratory investigation if relatively small 
differences (50-m versus 126-m; i.e., within an order of magnitude) in the 
spatial extent of the landscape would affect the importance and nature of the 
relationship between different types of urban greenery and traffic with bird 
and butterfly species richness in point counts. I will then qualitatively compare 
the results from the point counts with the results from using transects in 
Chapter 2. The choice of 126 m as the radius of the larger landscape extent 
around the point counts was therefore to allow a comparison with an equal 
landscape area as the transects used in Chapter 2. 
3.2. Methods 
3.2.1. Study Sites 
Six sites with a total area of approximately 998.64 ha (Figure 3.1) were 
prescribed by the collaborating agencies (Housing and Development Board, 
National Parks Board, and Urban Redevelopment Authority of Singapore) 
with the aim of representing planning regions of various ages and land use 
types. Some of these sites consists of more than one discrete area; these are 
termed as sub-sites and are treated as independent in the statistical analyses. 
Impending re-development is expected in most sites (Table 3.1), and the 
results are expected to aid in setting post-development greenery targets. 
Points were randomly generated within each of the sub-sites for 
representative sampling of the bird and butterfly communities and the 
landscapes that affect their diversity and distribution. Distances between 
points were at least 100 m. The number of points was proportional to the size 
of each sub-site (approximately one point for each ha). The Sengkang sub-site 
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was divided into two portions, Sengkang Riverside Park and Sengkang 
residential estate, for point-count generation to ensure that the starkly different 
types of habitat available in each portion were adequately represented. In the 
case of Berlayar Creek, which was a narrow strip of mangrove forest, the four 
points were not randomly located but systematically spaced 100 m apart along 
the mangrove forest strip. In all, 105 points were generated (Figures 3.2). 
Figure 3.1. Location of the study sites (names in black) and their sub-sites 
(names in blue and italicised). 
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Table 3.1. The study sites and their characteristics. Population sizes were obtained from the Singapore Department of 
Statistics (2011) and refer to the resident population of the planning URA Master Plan subzones (URA, 2008) where 
the site or sub-sites are located. 




(Pax/Ha) Major Land-Use or Land Cover Type 
Jurong Teban Gardens 90.1 213 Public housing 
 Jurong Lake Park 109.36 0 Park 
 Jurong Gateway 51.87 32 Vacant land, commercial, public housing 
Kallang  109.94 102 Park, public housing, commercial 
Punggol Punggol End 102 No data Vacant land, private housing 
 Punggol Town 137.33 308 Public housing, vacant land 
 Sengkang 215.79 313 Park, public housing, vacant land 
Queenstown Queenstown 73.75 235 Private and public housing 
 Dover Forest 52.86 No data Vacant land, private housing 
Pearl’s Hill  36.11 148 Park, commercial, public housing 
Berlayar Creek   19.53 0 Mangrove forest, vacant land  
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Figure 3.2. Point counts localities in (a) the Teban Gardens sub-site, (b) the 
Jurong Lake Park and Jurong Gateway sub-sites, (c) the Pearl’s Hill study site, (d) 
the Dover Forest sub-site, (e) the Berlayar Creek study site, (f) the Punggol End 
sub-site, (g) the Queenstown sub-site, (h) the Kallang study site, (i) the Punggol 
Town and Sengkang (excluding the Riverside Park area) sub-sites, and (j) the 
Sengkang Riverside Park area of the Sengkang sub-site. Street directory maps 
were used in this figure for ease of reference, except for (e) where a Google Earth 
satellite image provided more details. 
d c 
b a (a) (b) 
(c) (d) 
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3.2.2. Bird and Butterfly Surveys 
An observer stood at each point and recorded the identity and abundance of each 
bird (up to 50 m away) and butterfly (up to 20 m away) species for 10 min per 
survey. Each point was re-surveyed approximately once every two months for a 
year for both birds and butterflies to capture any seasonal variation, for a total of 
six surveys (= one survey set) per point. Bird observations were conducted both 
visually and aurally between 7 am and 9 am while butterfly observations were 
conducted visually between 9 am and 12 pm, which correspond to the peak 
activity periods of most species in these groups. Birds flying overhead were 
ignored as they were assumed to be not utilising the space under observation. The 
surveys were conducted between July 2010 and June 2011. 
3.2.3. Mapping of Greenery and Roads 
All cultivated vascular plants in the study sites were identified where possible and 
their locations were recorded as GIS layers. However, some plants within 
enclosed private compounds could not be identified because of lack of access. 
These field surveys and ground-truthing were conducted in 2011. 
The same classification of growth habits were used as in Chapter 2. The tree 
layer (point) consists of cultivated woody plants with a single clear stem and 
above 4 m tall, except for palms (family: Arecaceae) which was a separate layer 
(point). The shrub layer (polygon) is defined as cultivated woody or herbaceous 
plants below 4 m tall. One palm species, Rhapis excelsa, was classified as a shrub 
because conspecifics were usually planted too densely to record each plant 
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individually. Two non-palm, woody species, Syzygium myrtifolium and Ficus 
microcarpa, are trees when grown naturally but are sometimes pruned into 
shrubs, therefore they may fall into either one category depending on their 
cultivated growth form. The ground layer (polygon) is defined as managed lawn 
and regularly-mowed patches of turf. The canopy (polygon), shrub, and ground 
layers were all drawn and ground-truthed using the same methodology as 
described in Chapter 2. Areas of natural forest and natural scrubland (polygons) 
were similarly demarcated from field surveys. Road segments were verified from 
the road GIS layers provided by the Land Transport Authority and the numbers of 
road lanes in each segment were recorded.  
3.2.4. Statistical Analyses 
To assess the completeness of sampling for each sub-site, I plotted species 
accumulation curves, i.e., cumulative number of species recorded in each site with 
increasing number of point counts surveyed. I also computed various non-
parametric estimators of species richness (“Chao” estimator: Chao [1987 & 
1989]; first and second order jacknife estimators and bootstrapped estimators: 
Colwell and Coddington, 1994). Jurong Lake Park and Jurong Gateway were 
combined as Jurong Lake District for the purposes of describing total species 
richness owing to the small number of point counts for Jurong Gateway and the 
relative continuity of these two sub-sites, while Sengkang park and non-park 
portions were kept separate. Sampling was considered adequate when observed 
species richness was 75% of the species richness estimators that were computed. 
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Similar to the methodology of Chapter 2, I fitted Generalized Linear Mixed-
effects Models with Poisson errors to a set of candidate models with species 
richness as the response variable and subsite as a random grouping factor. Mixed-
effects models help to take into account the non-independence of samples (Bolker 
et al., 2008) due to spatial autocorrelation between points that are close together, 
i.e., within the same subsite. To examine if the inclusion of subsite as a random 
effect accounted for spatial autocorrelation in species richness, I calculated the 
significance of Moran’s I (“ape” package, Paradis et al., 2004) for fixed-effects 
only models and mixed-effects models. 
The aim was to compare whether the importance of variables differed (i) 
between point counts when landscape cover was derived from a radius of 50 m 
(0.8 ha; Figure 3.3a) versus 126 m (Figure 3.3b), and (ii) between a point-count 
survey method where the landscape radius was 126 m (5 ha; Figure 3.3b) versus a 
transect walk method where landscape cover was derived from within 50 m of the 
midline of a 500 m transect (i.e., Chapter 2; 5 ha; Figure 3.3c). Therefore the 
candidate model set for this point-count study consisted of the same model 
structures as in for the transect study in Chapter 2, except that two scales—50 m 
and 126 m—were used for each greenery and traffic variable. In all, 571 
candidate models were generated to compare the importance of variables at 




Figure 3.3. Types of boundaries compared in this analysis. Thin, unbroken, black 
lines represent the spatial extent from which landscape information (i.e., greenery 
cover and road density) was extracted, and thick, broken, grey lines represent the 
spatial extent of the bird surveys: (a) point counts where the landscape radius was 
50 m; (b) point counts where the landscape radius was 126 m; and (c) walking 
transects 500 m long where the landscape extent was 50 m away from the transect 
midline. The observation limit of the butterfly surveys is smaller (20 m) than the 
bird surveys (50 m) but is not shown in this diagram for clarity. 
For each fitted model, I computed AICc, ∆AICc, rL, and w as in the 
methodology of Chapter 2, and ranked the models in decreasing order of w. 
Further, I calculated the importance of each variable of each scale, Iwithin, which is 
the sum of w of all the models that contained the variable at that scale (Burnham 
and Anderson, 2002). The importance of each variable, Ivariable, regardless of scale 
is therefore the sum of Iwithin of the two scales for that variable. The relative 
importance between scales for each variable Ibetween is therefore the importance of 
that variable at that scale as a fraction of the overall importance of the variable, 
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i.e., Iwithin/Ivariable. For ease of comparison, I scaled each Ivariable by the variable that 
was the least important, to obtain rIvariable. 
However, the variables do not appear with the same frequency in the 
candidate model set, i.e., some variables appeared in more models than others. 
This could bias Ivariable towards the variables that appeared in more models. To 
account for this, I divided Ivariable by m, the number of models that contained that 
variable, and scaled the corrected Ivariable by the smallest corrected value to obtain 
the corrected rIvariable. This is not a concern when comparing between scales, i.e., 
for Ibetween as both scales would have appeared equally frequent for that variable in 
the model set. 
To compare between point counts of landscape radius of 126 m with the 
transect study, I re-ranked the subset of models where only variables of the scale 
of 126 m were present. Importance and relative importance of each variable were 
then calculated and compared between point counts (126 m) and transects studies. 
Variable importance for interaction effects were not corrected as there were 
only a few models with interaction effects. I checked for overdispersion but this 
was less than 1.5 for both birds and butterflies, hence correction using quasi-
likelihood was not needed (Burnham and Anderson, 2002). 
3.3. Results 
A total of 9176 counts of 104 bird species and 773 counts of 51 butterfly species 
were recorded in the 105 × 6 = 630 surveys. 
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Species accumulation curves for birds (Figure 3.4) show that sites with natural 
vegetation (Jurong Lake District, Punggol End, Sengkang Park, Dover Forest and 
Berlayar Creek) had higher total numbers of bird species than sites that were 
completely built up (Teban Gardens, Queenstown, Punggol Town, Sengkang 
[non-park]). The low recorded species richness of Pearl’s Hill is attributed to a 
smaller site area, while the intermediate richness of Kallang which does not have 
natural vegetation can be attributed to the presence of park and water elements 
within the site, a conclusion that is supported by the difference in richness 
between the park and non-park portions of Sengkang. 
 
Figure 3.4. Species accumulation curves for the birds at each site. Numbers in 
parentheses refer to the range of sampling completeness (see Table 3.2). 
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Sampling for birds was considered adequate to represent total (γ) diversity 
of each site. The observed species richness as a fraction of the species richness 
estimates were mostly above 75% (Table 3.2). The most notable exceptions are 
the second-order jackknife estimates for Sengkang (both park and non-park). 
Table 3.2. Observed species richness as a fraction of each species richness 
estimator for birds. “Chao” refers to the Chao (1987, 1989) species richness 
estimator, “Jack1” and “Jack2” to the first and second-order jackknife estimates 
respectively, and “Boot” to the bootstrapped estimate. 
Site "Chao" "Jack1" "Jack2" "Boot" 
Berlayar Creek 75.1 77.9 71.4 88.2 
Dover Forest 75.4 79.3 72.3 89.2 
Jurong Lake Park + Gateway 81.6 80.0 73.8 89.4 
Kallang 88.8 82.8 80.5 90.4 
Pearl’s Hill 93.8 88.2 87.0 93.4 
Punggol Town 81.2 79.4 73.2 89.2 
Punggol End 90.8 84.4 83.2 91.2 
Queenstown 94.6 87.9 89.4 92.7 
Sengkang (non-park) 75.5 75.0 67.3 86.8 
Sengkang Park 65.2 73.2 63.5 86.0 
Teban Gardens 89.3 84.7 81.9 91.7 
 
Species accumulation for butterflies, on the other hand, did not show a clear 
differentiation between completely built-up sites and sites with natural vegetation 
(Figure 3.5). The still rising slope of the species accumulation curves and the low 
fraction of observed species richness in terms of the species richness estimators 
(Table 3.3) suggest that sampling for butterflies was not yet adequate to represent 
total diversity of each site. 
3.3.1. Species richness: 50 m versus 126 m point counts 
Species richness of birds was significantly autocorrelated (p-value < 0.001) but 
not that for butterflies (p-value = 0.112). However, the residuals of the best 
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mixed-effects models for birds were all not significantly autocorrelated (p-values 
>0.413). In contrast, residuals of fixed effects-only models with the same model 
structure but excluding the random factor of sub-sites were all significantly 
autocorrelated (p-values < 0.02). Therefore the use of sub-sites as a random effect 
was considered to have accounted for most of the spatial autocorrelation. 
 
Figure 3.5. Species accumulation curves for the butterflies at each site. Numbers 
in parentheses refer to observed species richness as a fraction of the range of 
species richness estimates.  
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Table 3.3. Observed species richness as a fraction of each species richness 
estimator for butterflies. “Chao” refers to the Chao (1987, 1989) species richness 
estimator, “Jack1” and “Jack2” to the first- and second-order jackknife estimates 
respectively, and “Boot” to the bootstrapped estimate. 
Site "Chao" "Jack1" "Jack2" "Boot" 
Berlayar Creek 100.0 66.7 54.5 82.5 
Dover Forest 40.7 63.2 51.6 79.8 
Jurong Lake Park + 
Gateway 72.7 73.9 65.4 86.4 
Kallang 56.6 71.5 60.1 85.4 
Pearl’s Hill 82.4 77.8 73.7 87.5 
Punggol Town 18.3 62.7 47.4 81.0 
Punggol End 81.3 72.9 69.5 84.4 
Queenstown 71.0 71.4 63.5 84.4 
Sengkang (non-Park) 100.0 65.5 49.5 83.0 
Sengkang Park 34.6 62.4 49.1 80.1 
Teban Gardens 100.0 57.8 42.5 77.7 
3.3.1.1. Birds 
The most important variables for predicting bird species richness in point counts 
are cultivated tree cover, natural vegetation or forest, and road lane density. 
Correcting the variable importance for the number of models does not change this 
conclusion―these variables were at least five times more important than the least 
important variable, overall greenery cover (Table 3.4). Natural vegetation, forest, 
and road lane density were more important at the larger scale, while tree cover 
was almost equally important at both scales. The interaction between road lane 
density and tree cover was the most important interaction effect. The interaction 
between tree cover in 50 m radius and road lane density in 126 m radius were in 
the top two models (Table 3.5).  
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Table 3.4. Relative importance between spatial scales for each variable and 
between variables, for the models predicting bird species richness. Ivariable = 
Iwithin(50m) + Iwithin(126m); Ibetween = Iwithin/Ivariable; corrected rIvariable is the relative 
importance of the variables with respect to the variable with the smallest Ivariable 
but corrected for the number of models with that variable, m. 
Variables Scale Iwithin Ibetween m Ivariable 
Corrected 
rIvariable 
(main effects)           
GREEN 50 m 0.008 0.32 33 0.025 1 
  
126 m 0.017 0.68 33 
  
 
TREE 50 m 0.456 0.48 137 0.956 9.3 
  
126 m 0.500 0.52 137 
  
 
SHRUB 50 m 0.078 0.32 137 0.244 2.4 
  
126 m 0.166 0.68 137 
  
 
GROUND 50 m 0.164 0.56 137 0.292 2.8 
  
126 m 0.128 0.44 137 
  NAT 50 m 0.092 0.17 105 0.538 6.8 
  
126 m 0.446 0.83 105 
  
 
FOREST 50 m 0.080 0.17 105 0.461 5.8 
  
126 m 0.381 0.83 105 
  TRAFFIC 50 m 0.049 0.06 213 0.859 5.3 
  
126 m 0.809 0.94 213 
  (interaction effects) 























   
36 0.047 
   FOREST×TRAFFIC     37 0.042   
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Table 3.5. Top 20 models for predicting bird species richnes in point counts using variables from both spatial scales, 
ranked by AICc. 
S/No. Models k AICc ∆AICc rL w %dev 
1.  ~TREE50+NAT126+TRAFFIC126+TREE50×TRAFFIC126 5 128.09 0 1 0.0670 0.240 
2.  ~TREE50+FOREST126+TRAFFIC126+TREE50×TRAFFIC126 5 128.41 0.32 0.850 0.0570 0.238 
3.  ~TREE126+NAT126+TRAFFIC126+TREE126×TRAFFIC126 5 129.14 1.06 0.589 0.0395 0.233 
4.  ~TREE126+FOREST126+TRAFFIC126+TREE126×TRAFFIC126 5 129.45 1.37 0.505 0.0339 0.231 
5.  ~TREE50+NAT126+TRAFFIC126 4 129.51 1.43 0.489 0.0328 0.216 
6.  ~TREE126+NAT126+TRAFFIC126 4 129.73 1.64 0.440 0.0295 0.215 
7.  ~TREE50+FOREST126+TRAFFIC126 4 129.83 1.75 0.418 0.0280 0.214 
8.  ~TREE126+SHRUB126+NAT126+TRAFFIC126 5 129.92 1.84 0.399 0.0267 0.228 
9.  ~TREE126+FOREST126+TRAFFIC126 4 130.01 1.92 0.383 0.0257 0.213 
10.  ~TREE126+SHRUB126+FOREST126+TRAFFIC126 5 130.29 2.21 0.331 0.0222 0.226 
11.  ~TREE50+GROUND50+NAT126+TRAFFIC126 5 130.46 2.37 0.305 0.0204 0.225 
12.  ~TREE50+GROUND126+NAT126+TRAFFIC126 5 130.52 2.44 0.296 0.0198 0.224 
13.  ~TREE50+GROUND50+FOREST126+TRAFFIC126 5 130.74 2.66 0.265 0.0177 0.223 
14.  ~TREE126+GROUND50+NAT126+TRAFFIC126 5 130.79 2.71 0.258 0.0173 0.223 
15.  ~TREE50+SHRUB126+NAT126+TRAFFIC126 5 130.80 2.71 0.257 0.0172 0.223 
16.  ~TREE50+GROUND126+FOREST126+TRAFFIC126 5 130.83 2.75 0.253 0.0170 0.222 
17.  ~TREE126+GROUND126+NAT126+TRAFFIC126 5 131.02 2.93 0.231 0.0155 0.221 
18.  ~TREE126+GROUND50+FOREST126+TRAFFIC126 5 131.04 2.95 0.229 0.0153 0.221 
19.  ~TREE126+NAT126+TRAFFIC126+NAT126×TRAFFIC126 5 131.05 2.96 0.227 0.0152 0.221 




Cultivated tree cover and natural forest or vegetation cover were positively 
related to bird species richness while the effect of road lane density was 
negatively so. Estimates of coefficients for natural forest or vegetation cover at 
126 m radius were from 0.054 to 0.068 for the best models with substantial 
support. Estimates of coefficients for cultivated tree cover at either spatial scales 
for the best models without interaction effects were from 0.041 to 0.061), and for 
traffic at 126 m radius from -3.39 to -3.26. Interaction effects between cultivated 
tree cover (at either scale) and traffic (at 126 m radius) were negative, from -1.39 
to -1.98. 
3.3.1.2. Butterflies 
For butterflies, tree cover and road lane density were the most important 
variables, although the corrected relative importance was only more than twice as 
important as the least important variable, which was also overall greenery cover 
(Table 3.6). Tree cover was slightly more important at the smaller scale of 50 m 
radius, while road lane density was more important for the larger scale of 126 m 
radius. The most important interaction effect was again between tree cover and 
road lane density. The interaction between tree cover at 50 m radius and road lane 
density at 126 m radius was present in the top three models (Table 3.7). 
As with birds, the interaction effect between cultivated tree cover at 50 m 
radius and traffic at 126 m radius in the best models was negative, from -3.60 to -
3.07.  
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Table 3.6. Relative importance between spatial scales for each variable and 
between variables, for the models predicting butterfly species richness. Ivariable = 
Iwithin(50m) + Iwithin(126m); Ibetween = Iwithin/Ivariable; corrected rIvariable is the relative 
importance of the variables with respect to the variable with the smallest Ivariable 
but corrected for the number of models with that variable, m. 
Variables Scale Iwithin Ibetween m Ivariable 
Corrected 
rIvariable 
(main effects)           
GREEN 50 m 0.035 0.48 33 0.074 1.2 
  
126 m 0.038 0.52 33 
  
 
TREE 50 m 0.381 0.58 137 0.660 2.7 
  
126 m 0.279 0.42 137 
  
 
SHRUB 50 m 0.125 0.50 137 0.249 1 
  
126 m 0.124 0.50 137 
  
 
GROUND 50 m 0.271 0.61 137 0.443 1.8 
  
126 m 0.172 0.39 137 
  NAT 50 m 0.125 0.50 105 0.249 1.3 
  
126 m 0.124 0.50 105 
  
 
FOREST 50 m 0.124 0.50 105 0.248 1.3 
  
126 m 0.124 0.50 105 
  TRAFFIC 50 m 0.114 0.13 213 0.890 2.3 
  
126 m 0.776 0.87 213 
  (interaction effects) 























   
36 0.024 




Table 3.7. Top 20 models for predicting butterfly species richness in point counts using variables from both spatial scales, ranked by 
AICc. 
S/No. Models k AICc ∆AICc rL w %dev 
1.  ~TREE50+GROUND50+TRAFFIC126+TREE50×TRAFFIC126 5 116.10 0 1 0.0477 0.115 
2.  ~TREE50+GROUND126+TRAFFIC126+TREE50×TRAFFIC126 5 116.84 0.74 0.691 0.0330 0.108 
3.  ~TREE50+TRAFFIC126+TREE50×TRAFFIC126 4 117.03 0.92 0.631 0.0301 0.088 
4.  ~TREE126+GROUND50+TRAFFIC126+TREE126×TRAFFIC126 5 118.31 2.20 0.333 0.0159 0.096 
5.  ~TRAFFIC126 2 118.39 2.29 0.318 0.0152 0.040 
6.  ~TREE50+NAT126+TRAFFIC126+TREE50×TRAFFIC126 5 118.46 2.36 0.308 0.0147 0.094 
7.  ~TREE50+FOREST126+TRAFFIC126+TREE50×TRAFFIC126 5 118.48 2.38 0.305 0.0145 0.094 
8.  ~TREE50+NAT50+TRAFFIC126+TREE50×TRAFFIC126 5 118.50 2.40 0.301 0.0144 0.094 
9.  ~TREE50+FOREST50+TRAFFIC126+TREE50×TRAFFIC126 5 118.53 2.43 0.297 0.0142 0.094 
10.  ~GROUND50+TRAFFIC126+GROUND50×TRAFFIC126 4 118.55 2.44 0.295 0.0141 0.075 
11.  ~TREE126+TRAFFIC126 3 118.67 2.56 0.278 0.0132 0.055 
12.  ~TREE50+TRAFFIC126 3 118.83 2.73 0.255 0.0122 0.054 
13.  ~TREE126+TRAFFIC126+TREE126×TRAFFIC126 4 118.99 2.89 0.236 0.0113 0.071 
14.  ~TREE50+GROUND50+TRAFFIC126+GROUND50×TRAFFIC126 5 119.04 2.94 0.230 0.0110 0.089 
15.  ~TREE50+SHRUB50+TRAFFIC126+TREE50×TRAFFIC126 5 119.13 3.02 0.221 0.0105 0.089 
16.  ~TREE50+SHRUB126+TRAFFIC126+TREE50×TRAFFIC126 5 119.19 3.09 0.213 0.0102 0.088 
17.  ~TREE126+GROUND50+TRAFFIC126+GROUND50×TRAFFIC126 5 119.20 3.10 0.213 0.0102 0.088 
18.  ~TREE126+GROUND126+TRAFFIC126+TREE126×TRAFFIC126 5 119.20 3.10 0.213 0.0101 0.088 
19.  ~TREE126+GROUND50+TRAFFIC126 4 119.35 3.24 0.197 0.0094 0.068 




3.3.2. Species Richness: Point Counts (126 m) versus Transect Walks (500 m) 
3.3.2.1. Birds 
For birds, cultivated tree cover, natural vegetation cover, forest cover, and 
road lane density were identified as the most important variables by the point 
count method, while cultivated tree cover, cultivated ground cover, natural 
vegetation cover, and road lane density were identified as the most important 
variables by the transect walk method (Table 3.8). For both methods, 
interactions between tree cover and road lane density, and between natural 
vegetation cover or forest cover and road lane density, were the most 
important interaction effects. However, the interaction effect between tree 
cover and traffic found in Chapter 2 using transects was positive, while the 
interaction effect found in this chapter using point counts was negative. 
3.3.2.2. Butterflies 
For butterflies, cultivated tree cover and road lane density were identified as 
important variables by the point count method, while overall cultivated 
greenery cover, natural vegetation cover, and road lane density were identified 
as the most important variables by the transect walk method (Table 3.9). For 
point counts, the interaction effect between cultivated tree cover and road lane 
density was the most important, while for transect walks, the interaction 
between natural vegetation cover and road lane density was the most 
important (but this interaction effect was not present among the models with 
substantial support; see Chapter 2 Table 2.2). 
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Table 3.8. Relative importance of each variable in predicting bird species 
richness for the two survey types that have landscape scales of 5 ha. 





Point count (main effects)         
(126 m) GREEN 11 1 0.0048 1 
  
TREE 31 17.6 0.0298 6.2 
  
SHRUB 31 4.3 0.0074 1.5 
  
GROUND 31 3.0 0.0052 1.1 
 
NAT 26 10.2 0.0207 4.3 
  
FOREST 26 8.8 0.0177 3.7 
 
TRAFFIC 53 17.0 0.0169 3.5 
 
(interaction effects) 
   
  
GREEN×TRAFFIC 3 50.5 
  
  
TREE×TRAFFIC 5 537.6 
  
  
SHRUB×TRAFFIC 5 1 
  
  
GROUND×TRAFFIC 5 6.6 
  
  
NAT×TRAFFIC 5 125.9 
  
  
FOREST×TRAFFIC 5 111.0 
  Transect (main effects) 
    (500 m) GREEN 11 1 0.0023 1 
  
TREE 31 35.2 0.0284 12.5 
  
SHRUB 31 3.4 0.0028 1.2 
  
GROUND 31 13.0 0.0105 4.6 
 
NAT 26 37.3 0.0358 15.8 
  
FOREST 26 2.7 0.0026 1.2 
 
TRAFFIC 53 40.0 0.0189 8.3 
 
(interaction effects) 
   
  
GREEN×TRAFFIC 3 1.4 
  
  
TREE×TRAFFIC 5 152.1 
  
  
SHRUB×TRAFFIC 5 3.0 
  
  
GROUND×TRAFFIC 5 1 
  
  
NAT×TRAFFIC 5 18.7 




Table 3.9. Relative importance of each variable in predicting butterfly species 
richness for the two survey types that have landscape scales of 5 ha. 
Survey 





Point count (main effects)         
(126 m) GREEN 11 1 0.0092 1.4 
  
TREE 31 5.2 0.0168 2.6 
  
SHRUB 31 2.0 0.0065 1 
  
GROUND 31 2.7 0.0088 1.4 
 
NAT 26 2.2 0.0084 1.3 
  
FOREST 26 2.2 0.0084 1.3 
 
TRAFFIC 53 8.4 0.0160 2.5 
 
(interaction effects) 
    
  
GREEN×TRAFFIC 3 1 
  
  
TREE×TRAFFIC 5 9.6 
  
  
SHRUB×TRAFFIC 5 1.3 
  
  
GROUND×TRAFFIC 5 2.1 
  
  
NAT×TRAFFIC 5 1.5 
  
  
FOREST×TRAFFIC 5 1.5 
  Transect (main effects) 
    (500 m) GREEN 11 1.9 0.0268 4.8 
  
TREE 31 1.1 0.0055 1 
  
SHRUB 31 1.1 0.0055 1.0 
  




26 5.4 0.0325 5.9 
  
FOREST 26 1 0.0060 1.1 
 
TRAFFIC 53 6.4 0.0188 3.4 
 
(interaction effects) 
    
  
GREEN×TRAFFIC 3 2.7 
  
  
TREE×TRAFFIC 5 1 
  
  
SHRUB×TRAFFIC 5 1.1 
  
  
GROUND×TRAFFIC 5 1.0 
  
  
NAT×TRAFFIC 5 7.9 
      FOREST×TRAFFIC 5 1.7     
 
3.4. Discussion 
Comparing the species accumulation curves for birds in Figure 3.4, the sub-
sites can be broadly grouped into (1) those with or adjacent to significant 
tracts of vacant land covered by natural vegetation (e.g., Berlayar Creek, 
92 
Dover Forest, Punggol End) or with a large park (e.g., Kallang) or both 
(Sengkang [park], Jurong Lake District), and (2) those which are highly built 
up where all (e.g., Queenstown, Teban Gardens) or almost all (Punggol Town, 
Sengkang [non-park]) natural vegetation has been cleared. The former group 
has higher cumulative species richness for birds for the same sampling effort 
compared to the latter. This suggests that the presence of parks, preferably 
with natural vegetation, would boost regional (i.e., γ-) diversity, which 
partially supports the conclusions of Chapter 2 but at a smaller regional scale. 
The same trends could not be deduced for butterflies owing to incomplete 
sampling (Figure 3.4; Table 3.3). Models predicting butterfly species richness 
also have low explanatory power (<11.5%; Table 3.7) while models predicting 
bird species richness fared better (up to 24%; Table 3.5). While this could be 
attributed to other landscape variables that are important for butterflies but 
were not included in the analysis as suggested in Chapter 2, taken together 
with the evidence of incomplete sampling, it also suggests that butterflies are 
poorly sampled by short-duration point counts. 
Natural forest or vegetation was also found to be of low importance for 
butterflies (Table 3.6) and was not present among the models with strong 
support (Table 3.7). On the other hand, cultivated tree cover was the most 
important variable, and at the spatial scale of 50 m was in all the models with 
strong support. This stands in contrast to the results from the transect study, 
where cultivated tree cover was the least important variable and natural 
vegetation was the most important variable for butterflies (Table 3.9). The 
importance of natural forest or vegetation for birds was also weaker in this 
point-counts study compared to the transects study (Table 3.8). This could be 
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because of sampling differences. In the transects study, all the transects were 
more-or-less randomly distributed across the built-up areas of Singapore 
island, avoiding only the nature reserves and Western Catchment Area (Murai, 
Poyan, Sarimbun, and Tengeh reservoirs and the surrounding forest areas) that 
could not strictly be considered as urban (see Chapter 2 Figure 2.1). Hence, 
the mix of cultivated and natural vegetation was spatially representative of the 
whole Singapore City landscape. In contrast, the point counts in this Chapter 
are sub-samples of a few study sites. The distribution of natural vegetation is 
highly clustered and only restricted to a subset of these study sites. Accounting 
for spatial autocorrelation with the use of sub-sites as a random factor could 
therefore have reduced or negated the effect of natural vegetation. 
Ideally, at least three spatial scales spanning an appropriate breadth is 
needed especially to detect non-linear responses (see Hostetler & Holling, 
2000; Hostetler, 2001; Walker & Shochat, 2010; Pennington & Blair, 2011). 
This was not foreseen in the design of this study. Including an additional 
larger scale, e.g., larger than a 126-m radius from the point count would mean 
that much of the landscape for some of the points lying at the periphery of the 
study sites would include areas outside of the study sites. In addition, many of 
the landscape extents of this larger spatial scale would overlap with several 
other points. As such, the size and number of the study sites that were 
provided for research was a major limitation in this study. 
I attempted to at least draw some conclusions on a third, larger spatial 
scale by comparing the 126-m radius point counts with the transects study in 
Chapter 2, which have equivalent landscape areas. Unfortunately, even 
disregarding the sampling artefacts discussed earlier, the difference in results 
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could have been because of the many differences between the two types of 
surveys (Table 3.10). While the distance of observation was the same in the 
transect and point count methods (i.e., within 50 m for birds and 20 m for 
butterflies), the walking transect method was both more extensive in terms of 
the area covered by the observer, although more time was also spent in 
proportion to the area surveyed (20–30 min per survey), compared to the point 
count method (5 min per survey). The greater total effort of sampling and 
therefore more complete sampling of butterflies could be the reason why 
butterflies were found to respond to natural vegetation in transects but not in 
point counts, even though the time taken per unit area of sampling was 
comparable. The shapes of the landscapes were also different (long versus 
circular; Figure 3.3). Therefore, differences in results between the two studies 
could not be isolated to any one factor. 
Table 3.10. Differences between the spatial scales and survey methods 
employed in Chapters 2 and 3. 
Survey Type 
(A) Point Counts 
with Landscape 
Radius 50 m 
(B) Point Counts 
with Landscape 
Radius 126 m 
(C) Transect 
Walk of 
Length 500 m 
Landscape area small (0.8 ha) large (5 ha) large (5 ha) 
Observation area small (0.79 ha for 
birds, 0.13 ha for 
butterflies) 
small (0.79 ha for 
birds, 0.13 ha for 
butterflies) 
extended (5 ha 








Even given the many limitations of this study, the comparison of spatial 
extents was still useful in identifying scales at which species richness is 
sensitive to different greenery components. It is important that policies and 
management actions for the urban landscape match the same scale as the 
ecological processes it is intended to enhance (Hostetler, 1999; Borgström et 
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al., 2006). Cultivated tree cover was more important at smaller localized 
spatial scales that match the size of typical individual developments (~1 ha), 
therefore actions taken by developers and landscape designers at this scale can 
be effective at enhancing α-diversity. On the other hand, traffic and natural 
forest or vegetation cover were more important at larger spatial scales. This 
neighbourhood scale would fall within the planning scale and authority of 
municipal agencies. 
The difference in the better-performing spatial scale between natural and 
cultivated greenery may reflect their respective hierarchies in the resource or 
habitat selection decisions of a species (see Meyer & Thuiller, 2006; Walker 
& Shochat, 2010). Each successive lower order decision would take place at a 
smaller spatial scale. For example, a bird or butterfly species may select forest 
patches as nesting or sheltering habitat (a third-order decision) but it may 
forage on the higher availability of fruits or nectar-producing flowers on 
specific urban trees (a fourth-order decision) around the forest. Patches of high 
cultivated tree cover therefore determines the foraging activity of these 
species, which occurs at a smaller spatial scale than the entire resource range 
around the patch of natural forest (Hostetler & Holling, 2000; Hostetler, 
2001). It may also result if the activity or home range of species that require 
natural vegetation are larger than the species that do not (Hostetler & 
Knowles-Yanez, 2003). For example, forest birds or butterflies may be larger-
sized, stronger fliers that forage in multiple forest patches in addition to the 
urban matrix, while smaller species such as sunbirds and grass yellows may 
spend their entire life cycle in small territories of only a few urban trees. Such 
observations so far are however highly anecdotal. 
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Greenery–traffic interaction occurred across spatial scales for butterflies, 
and this is also supported in the case of birds. The negative sign of the 
interaction effect can be interpreted such that increasing traffic would 
neutralise the benefits of increasing tree cover for species richness, in addition 
to its own negative effects. This implies that marginal benefits of increasing 
tree cover for species richness is highest in areas away from heavy traffic. This 
directly contradicts the results from Chapter 2, where it is increasing tree 
cover that ameliorates the negative impacts of increasing traffic. The 
extensiveness of sampling with the walking transect method versus the 
stationary and short-duration point counts may offer a way to reconcile these 
results. Walking transects in an area of busy traffic would have greater 
chances of detecting rare crossings of traffic-sensitive species than point 
counts in similarly heavy traffic. Therefore islands of quiet areas are more 
conducive for small-scale, contiguous patches of tree cover to serve as 
habitats, while long, overhead stretches of tree cover in high traffic densities 
offer opportunities for road crossings as suggested in Chapter 2. This 
hypothesis requires more research to be conducted on the utility of overhead 
tree cover for ecological connectivity, and if it holds true it would be 
extremely helpful for urban planners to plan road networks together with 
greenery cover. 
Meanwhile, the results from this Chapter support the other conclusions 
drawn from Chapter 2, that different components of greenery have different 
effects on species richness of birds and butterflies. In particular, cultivated tree 
cover and natural forest or vegetation continue to be promoters of α-diversity, 
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while traffic causes negative impacts, at the spatial scales that were 
investigated in these two Chapters.  
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Birds are one of the best-studied taxa in urban areas because they are 
ubiquitous, cost-effective to survey, and are highly visible (Chace & Walsh, 
2006; Magle et al., 2012; see also the prevalence of birds as the taxon in 
studies listed in Appendix A). They also perform important ecological 
functions such as seed dispersal and pest removal (Sekercioglu, 2006). A few 
common patterns are emerging from research on urban bird assemblages. 
Species richness and abundance of exotic and generalist bird species increase 
with increasing urbanization, while the reverse is often true for native and 
specialist birds (McKinney, 2002; Lim & Sodhi, 2004; Carbó-Ramírez & 
Zuria, 2011; MacGregor-Fors & Ortega-Álvarez, 2011). Bird communities 
usually become dominated by a subset of species with increasing urbanization 
(Blair, 2001; Husté & Boulinier, 2011; MacGregor-Fors & Ortega-Álvarez, 
2011; see also Chapter 2). Among cities, bird communities are often highly 
homogenized over geographies, i.e., the same subset of species are found 
across cities that are far apart, especially in the highly urbanized centres 
(McKinney, 2006). When widespread, highly mobile species congregate in 
high densities close to human habitations, they may create significant 
problems such as health risks. For example, migratory and urban birds were a 
                                                 
1 A version of this Chapter has been published as: Chong, K.Y., Teo, S., Kurukulasuriya, B., 
Chung, Y.F., Rajathurai, S., Lim, H.C., & Tan, H.T.W. 2012. Decadal changes in urban bird 
abundance in Singapore. Raffles Bulletin of Zoology Supplement, 25: 189–196. 
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source of concern for health authorities during the avian flu outbreaks in 
recent years (Sodhi & Sharp, 2006). 
A series of studies was earlier conducted in Singapore to understand the 
behavioural ecology of urban birds, in particular to provide recommendations 
for effective population management of the two invasive alien pest species: 
the house crow (Corvus splendens) and the Javan myna (Acridotheres 
javanicus). The former arrived in Singapore possibly via spreading southwards 
from Port Klang in Peninsular Malaysia where it was introduced as a potential 
biological control for a clear wing hawkmoth (Cephonodes hylas) caterpillar 
plague on coffee plantations at the end of the 19th century or early 20th century 
(see Soh et al. [2002], Brook et al. [2003b], Lim et al. [2003], Sodhi & Sharp 
[2006], and Lim & Sodhi [2009]). This direction of spread, however, is 
doubtful owing to the absence of house crows between Johor Bahru (a city in 
peninsular Malaysia just north of the causeway from Singapore) and Port 
Klang. Alternatively, the house crows could have arrived as stowaways on 
ships arriving from India and Sri Lanka where this species is native. This latter 
hypothesis was inferred from the establishment of the first crow colony around 
Singapore’s downtown port in the 1940s (see Sodhi & Sharp [2006] and Lim 
[2009a]). The introduced population increased from hundreds in the 1960s to 
over a hundred thousand by the end of the 20th century (Brook et al., 2003b; 
Lim et al., 2003).  
The Javan myna is indigenous to Java, Bali and Sumatra, and arrived in 
Singapore through the pet-bird trade in the 1920s (see Yap et al. [2002], Yap 
[2003], and Sodhi & Sharp [2006]). It subsequently experienced a population 
explosion rivaling that of the house crow, achieving a population size that 
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numbered in the hundreds of thousands by the end of the 20th century (Lim et 
al., 2003).  
Both the house crow and the Javan myna congregate in communal roosts 
near human-inhabited areas. Consequently, the loud noise around these areas 
is considered a public nuisance, and the droppings constitute a hygiene 
problem (Soh et al., 2002; Brook et al., 2003b; Lim et al., 2003; Sodhi & 
Sharp, 2006). In addition, house crows are known to attack passers-by and 
mob other native birds (Soh et al., 2002; Brook et al., 2003b; Sodhi & Sharp, 
2006), while the Javan myna has been suspected to compete for nesting 
cavities with other secondary cavity nesters (Yap et al., 2002; Lim et al., 2003; 
Sodhi & Sharp, 2006). 
A slew of measures was recommended for managing the populations of 
these two species. Brook et al. (2003b) recommended a massive culling of at 
least 41000 house crows in 2003, followed by the culling of approximately 
250000 birds within the next 10 years. In concert with other strategies such as 
nest destruction, and limitation of food supplies and nesting sites, the 
management aim was to reduce the population density of the house crow to 
below 10 birds per km2. Since both species are opportunistic feeders, refuse 
bins with lids, enclosed refuse centres, prompt clearing of food scraps at 
outdoor dining locations, and relocation of food stalls indoors were some of 
the recommendations put forward to reduce food availability to these two 
species (Soh et al., 2002; Yap et al., 2002; Lim et al., 2003; Sodhi & Sharp, 
2006). 
For nesting, house crows appear to prefer tree species such as the yellow 
flame (Peltophorum pterocarpum), which has a spreading crown. On the other 
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hand, the Javan myna prefers the angsana (Pterocarpus indicus) and sea apple 
(Syzygium grande), hence recommendations were to avoid planting of these 
tree species especially in monospecific stands while existing trees of these 
species should be pruned regularly (Soh et al., 2002; Yap et al., 2002). Since 
these studies were undertaken, the house crow population in Singapore has 
declined noticeably, presumably because at least some of the proposed 
measures were adopted, while the Javan myna population has increased (Lim 
& Lim, 2009). 
Studies on temporal changes in urban faunal assemblages, just like urban 
ecological studies in the tropics, are rare and lacking (Marzluff et al., 2001; 
Romalho & Hobbs, 2012). Even the two Long Term Ecological Research 
(LTER) sites for urban ecology in Phoenix, Arizona (LTER Network, 2013) 
and Baltimore, Maryland (Baltimore Ecosystem Study, 2012) have not 
published any peer-reviewed articles on time-based comparisons of urban 
animal abundances or communities. 
This Chapter investigates changes in bird abundance in Singapore over a 
10-year period by comparing data from field surveys conducted from 2010 to 
2011 with those of Lim & Sodhi (2004) conducted in 2000 to 2001. Some past 
studies cautioned that a sudden reduction in the size of the house crow 
population could have unintended effects such as the competitive release of 
the Javan myna, resulting in the latter’s population explosion (Brook et al., 
2003b; Yap, 2003). I therefore also tested whether the decline in house crow 
abundance was correlated with an increase in Javan myna abundance across 
individual survey sites. Additionally, I tested for two correlations suggested by 
interspecific interactions with these two invasive birds. First, the Asian koel 
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(Eudynamys scolopacea) is known to be a brood parasite of house crow nests 
(Sodhi & Sharp, 2006; Lim, 2009a), hence I hypothesized that the change in 
abundance of the Asian koel is positively correlated with the change in 
abundance of the house crow. Second, the common myna was suggested to be 
less capable of exploiting ephemeral food sources in urbanized landscapes 
compared to the Javan myna (Lim et al., 2003; Sodhi & Sharp, 2006), hence I 
hypothesized a negative correlation in change in abundance between these two 
species. Given that Singapore’s continually changing urban landscape may be 
a confounding factor, I controlled for changes in landscape variables between 
these two studies when testing for interspecific correlations. 
4.2. Methods 
4.2.1. Study Sites and Bird Surveys 
All the sites in this study are located on Singapore Island. The original 30 sites 
utilized by Brook et al. (2003b) and Lim et al. (2003) were selected by 
stratified random sampling. Ten transects were randomly selected in the north 
and south regions and five in the east and west regions of the island using grid 
squares in a street directory. Nature reserves containing mature or primary 
lowland rainforests were avoided as the studies focused on urban bird 
communities. The exact transects lines were located along accessible 
footpaths. Two transects were not re-surveyed for the following reasons: one 
of these transects (“Khatib B” in Brook et al. [2003b] or N3 in Lim et al. 
[2003]) was not included in the later analysis by Lim & Sodhi (2004) and is 
now located in a restricted military area, while heavy housing construction 
was ongoing in the vicinity of the second transect (“Marina” in Brook et al. 
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[2003b] or S9 in Lim et al. [2003]). For the remaining 28 transects, the same 
transect lines and methods for data collection as described in Lim & Sodhi 
(2004) were followed as much as possible. The bird survey methodology was 
also applied to all other transects as described in Chapter 2 (section 2.2.2). 
Briefly: 
1. Each transect was 500 m long and 100 m wide. 
2. A single observer walked from one end of the transect to the other at an 
average speed of about 25 m per min (taking a total time of about 20–25 
min per survey), counting and recording all birds heard or seen within 50 
m of either side of the centre of the transect line. Birds that flew by 
without stopping within the transect boundaries were not counted. 
3. Surveys were conducted between 7–10 am on days without strong wind or 
rain. 
4. In the original survey, six surveys were conducted every two months for 
each transect from 1 February 2000 to 20 February 2001. Similarly, in this 
re-survey, six surveys of each transect were conducted about every two 
months from 2 March 2010 to 28 February 2011. 
As the observers in both sets of surveys were different, to account for 
inter-observer variability I only analyzed the changes in abundance of the 
most common species (see “Data Analysis”). 
4.2.2. Landscape and Environmental Variables 
A circle of radius 250 m was drawn around the centre of each transect for the 
quantification of urban environmental variables. In the original studies (see 
Lim et al., 2003; Lim & Sodhi, 2004), 1:5000 town planning maps were used 
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to determine percentage of each type of land use and green cover. In this 
study, footprint GIS layers of buildings obtained from the Urban 
Redevelopment Authority of Singapore and 0.5 m resolution GeoEye satellite 
images taken in June 2009 were used. The areas of different land use types 
were calculated using ArcGIS version 10 (ESRI, 2011). In both the original 
and the current studies, ground-truthing supplemented the use of maps and 
satellite imagery. The number of food centres, defined as a street-level 
premises that sold cooked food, was counted via a thorough search within the 
delimited circle area. The vegetation within each transect was characterized in 
five 100-m sections. Within each section, a circle of radius 20 m was placed 
randomly, and the following variables were measured: the number of woody 
plants > 4 m tall (“trees”), the average heights of four trees closest to the four 
cardinal directions (“tree height”), the percentage of ground covered by woody 
plants < 4 m tall (“shrub cover”), and the percentage canopy openness 
measured by a spherical densiometer at the centre of that section (“canopy 
cover”). The value of each measurement was averaged across the five sections 
for each transect and used in subsequent analyses. For each land cover and 
environmental variable, the difference between the values in the original and 
re-measurements was calculated and used in the analyses. Distance to the 
nearest coast did not emerge as an important variable in the earlier analyses, 
while human population density and number of sites with exposed edible 
waste could not be re-measured with sufficient confidence, hence these 
variables were excluded in the analyses. 
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4.2.3. Data Analysis 
Species richness and abundance between the original surveys and re-
surveys were not directly compared because observer differences would 
potentially be a major confounding factor. However, observer skill and 
experience would have a much less effect for detecting the most common bird 
species. Bird species were ranked by the total counts across all transects for 
the re-surveys, and the most common species were selected from the re-survey 
for comparing abundances observed between the two sets of surveys. The barn 
swallow (Hirundo rustica) and the Pacific swallow (Hirundo tahitica) were 
excluded as these species were excluded from the original studies (see Lim et 
al. [2003], and Lim & Sodhi [2004]). The zebra dove (Geopelia striata) was 
also not included as it was not encountered in the original surveys. The 18 
most common species, in decreasing order of abundance in the re-surveys, 
were: the Javan myna, rock pigeon (Columba livia), Asian glossy starling 
(Aplonis panayensis), Eurasian tree sparrow (Passer montanus), yellow-
vented bulbul (Pycnonotus goiavier), olive-backed sunbird (Nectarinia 
jugularis), spotted dove (Streptopelia chinensis), black-naped oriole (Oriolus 
chinensis), common tailorbird (Orthotomus sutorius), scaly-breasted munia 
(Lonchura punctulata), common iora (Aegithina tiphia), pink-necked green 
pigeon (Treron vernans), house crow, common myna, brown-throated sunbird 
(Anthreptes malaccensis), scarlet-backed flowerpecker (Dicaeum cruentatum), 
Asian koel, and white-collared kingfisher (Todiramphus chloris). The white-
throated kingfisher (Halcyon smyrnensis) was included for comparison to the 
white-collared kingfisher as it has similar feeding and nesting guilds, and 
included the baya weaver (Ploceus philippinus) which was the 11th most 
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common species in the original surveys, for a total of 20 bird species. I 
stopped at a round number of 20 because this set was sufficiently 
representative of the most commonly encountered bird species in Singapore 
(Table 4.1). 
For each species in each transect, a simple regression model was fitted 
with the log10 of the abundance counts in the 12 surveys (i.e., six original, six 
re-surveys) as the response variable, and the type of study (beforeoriginal 
surveys; afterre-surveys) as the explanatory variable. Each survey is 
therefore considered as an individual observation. The slope of this linear 
model was then used as a measure of change in abundance for each transect. 
To determine if there was a net negative or positive change in abundance for 
each species, I conducted a non-parametric bootstrap re-sampling procedure 
and constructed a 95% confidence interval with 1000 bootstrapped values 
(Davison & Hinkley, 1997). 
To determine if the change in abundance of each species was associated 
with others’ across transects after controlling for land use changes at 
individual sites, I used the change in abundance represented by the slopes for 
each transect, fitted as above, as a predictor in a multiple linear regression 
model after first controlling for covariates. To determine which environmental 
variables to use as covariates, I used backwards-stepwise selection to arrive at 
a model with the slope of all retained terms significant at the 5% level of 
significance. 
All analyses were conducted using the statistical programming software R 
version 2.10.1 (R Development Core Team, 2009). 
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Table 4.1. The 20 bird species analyzed in this study. Occurrence (“Occ.”) refers to the proportion of transects where the presence 
of the bird was detected. The status categories of these species were obtained from Lim (2009a). Numbers in subscript are the 
ranks of the species among the top twenty most abundant birds based on counts from the Annual Bird Census conducted from 
1996 to 2005 (Lim, 2009a; p. 33). 










Acridotheres javanicus Javan myna2 Columbidae Exotic Abundant 93% 1955 100% 3238 
Columba livia Rock pigeon Passeridae Exotic Common 55% 1412 62% 1708 
Aplonis panayensis Asian glossy Starling6 Pycnonotidae Native Very Common 72% 548 97% 1406 
Passer montanus House sparrow Sturnidae Exotic Very Common 76% 829 66% 981 
Pycnonotus goiavier Yellow-vented bulbul7 Oriolidae Native Very Common 93% 427 97% 893 
Nectarinia jugularis Olive-backed sunbird Nectariniidae Native Very Common 90% 435 100% 588 
Streptopelia chinensis Spotted dove16 Columbidae Native Very Common 76% 196 93% 524 
Oriolus chinensis Black-naped oriole11 Aegithinidae Native Very Common 93% 220 97% 492 
Orthotomus sutorius Common tailorbird Cisticolidae Native  Very Common 76% 105 100% 360 
Lonchura punctulata Scaly-breasted munia Estrildidae Native Very Common 21% 81 45% 340 
Aegithina tiphia Common iora Nectariniidae Native Very Common 59% 73 86% 304 
Treron vernans Pink-necked green 
pigeon8 
Columbidae Native Very Common 55% 135 72% 288 
Corvus splendens House crow3 Sturnidae Exotic Very Common 93% 1982 72% 258 
Acridotheres tristis Common myna20 Sturnidae Native Very Common 76% 372 66% 237 
Anthreptes malaccensis Brown-throated sunbird Dicaeidae Native Very Common 38% 20 100% 208 
Dicaeum cruentatum Scarlet-backed flowerpecker Dicaeidae Native Common 66% 75 86% 185 
Eudynamys scolopacea Asian koel Cuculidae Native Very Common 55% 58 86% 152 
Todiramphus chloris White-collared 
kingfisher17 
Alcedinidae Native Very Common 48% 46 72% 129 
Halcyon smyrnensis White-throated Kingfisher Alcedinidae Native Very Common 69% 58 62% 75 
Ploceus philippinus Baya weaver Ploceidae Native Common 7% 299 21% 39 
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4.3. Results 
Fourteen of the 20 most common species increased significantly in abundance 
(Figure 4.1). Only two species, the house crow and the common myna, 
significantly decreased in abundance. No significant change was observed for 
the abundances of the remaining species. 
None of the changes in environmental variables was significantly 
associated with changes in house crow abundance. Changes in private low-rise 
housing cover and natural or semi-natural vegetation cover were retained in 
the final model for changes in Javan myna abundance (R2 = 0.4465, F = 10.08, 
p-value < 0.001; Table 4.2). After controlling for these two variables, the 
change in abundance of the Javan myna was not significantly correlated with 
that of the house crow (mean slope b ± s.e. = 0.0889 ± 0.1159, t = 0.767, p-
value = 0.451). Change in urban greenery cover was the only variable 
significantly associated with changes in Asian koel abundance (R2 = 0.1488, F 
= 4.544, p-value = 0.043; Table 4.2). Controlling for this variable, the changes 
in abundance of koels and crows were not significantly correlated (b = 0.0208 
± 0.1138, t = 0.183, p-value = 0.857). Changes in tree height and canopy were 
retained as covariates of common myna abundance (R2 = 0.3447, F = 6.576, p-
value = 0.005; Table 4.2). Controlling for their covariates, the abundance 
changes of the two myna species were not significantly correlated (Pearson’s r 
= 0.072, t = 0.3692, p-value = 0.715). 
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Figure 4.1. Changes in abundance of the 20 most common urban bird species 
across the 28 transects re-surveyed in this study. Error bars represent 95% 
bootstrapped confidence intervals; overall change is not significant when the 
interval spans zero. Feeding and nesting guilds were adapted from Lim & 
Sodhi (2004). 
Even without controlling for environmental variables, there were no 
significant correlations between the house crow and the Javan myna (r = 
0.112, t = 0.5765, p = 0.569) and the Asian koel (r = 0.101, t = 0.5153, p-value 
= 0.611), and between the Javan myna and the common myna (r = 0.114, t = 
0.5839, p-value = 0.564). 
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Table 4.2. Environmental covariates retained in the final model for changes in 
Javan myna, common myna and Asian koel abundance (n = 28). Variable(s) 
refer to the change in these environmental and landscape values between 
2000–2001 and 2010–2011. 
Species Variable(s) Coefficient t p-value 
Javan myna Low-rise private 
housing 
0.02718 ± 0.0096 2.827 0.009 
 Natural/ semi-
natural green cover 
–0.0181 ± 0.0046 –3.903 <0.001 
Common myna Tree height –0.0460 ± 0.0186 –2.471 0.021 
 Canopy cover 0.0091 ± 0.0031 2.926 0.007 
Asian koel Urban greenery 0.0113 ± 0.0053 2.132 0.043 
 
4.4. Discussion 
Since most of the common bird species examined increased in abundance 
between the two surveys, there were no inferred patterns associated with 
particular feeding or nesting guilds that could have conferred an advantage in 
Singapore’s rapidly changing urban environment, but these classifications may 
have been too coarse or simplistic. Most of these common urban species, 
however, are omnivorous or granivorous and are either tree or shrub nesters, 
reflecting the opportunistic exploitation of urban resources (Lim & Sodhi, 
2004). A recent study found that relative brain size is larger for passerine birds 
that are successful in urban areas (Maklakov et al., 2011; but see Kark et al., 
2007), suggesting that behavioural traits such as the ability to learn can be 
important. 
The confounding effect of utilizing different observers in the two sets of 
surveys cannot be ignored, although limiting the comparisons to the most 
common species would have mitigated it. A two-point comparison provided in 
this study also does not constitute effective monitoring over time. The 
abundances of some species could be in decline before an anomalous spike in 
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the year of re-surveys. A more robust conclusion on trends can only be drawn 
from regular and long-term re-surveys. 
Annual bird censuses in Singapore (Lim & Lim, 2009), for example, 
provide long-term nation-wide data from which population trends and 
fluctuations have been inferred. The census data are a result of a volunteer 
effort and have their own limitations, such as considerable variation in 
sampling effort and observer experience between places and years. 
Interestingly, most of the results in my two-study comparison agree with the 
trends stated by Lim & Lim (2009), albeit with some exceptions. For example, 
Lim & Lim (2009) state that the spotted dove has declined from 1997 (200 
counts) to 2000 (104 counts), but the most recent bird censuses show that 
counts have recovered to 210, 188, and 191 in the years 2008, 2009, and 2010, 
respectively (Lim, 2009b; Lim, 2010). Similarly, counts of the white-collared 
kingfisher plunged from 248 in 1996 to 97 in 2000 (Lim & Lim, 2009) but 
have since fluctuated (165 in 2008, 131 in 2009, 146 in 2010; Lim, 2009b, 
Lim, 2010). Lim & Lim (2009) also suggest that the Eurasian tree sparrow 
population is still increasing, but numbers have in fact dropped from 87 in 
1997 to 24 in 2004, hence the species did not qualify for the top 20 lists in 
recent bird censuses. My results show a slight decrease between 2000−2001 
and 2010−2011 although the change was not statistically significant. 
The 20 bird species in this study differs from the top 20 most abundant 
birds of Singapore indicated in Lim (2009a; see Table 4.1) as the latter was 
compiled from nation-wide bird counts and included many shorebirds (such 
as, in decreasing total number of counts in the annual bird census from 1996 to 
2005, the pacific golden plover [Pluvialis fulva], common redshank [Tringa 
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tetanus], marsh sandpiper [Tringa stagnatilis], whimbrel [Numenius 
phaeopus], common greenshank [Tringa nebularia], common sandpiper 
[Tringa hypoleucos], lesser sand plover [Charadrius mongolus], and little 
egret [Egretta garzetta]), while I was only concerned with the 20 most 
commonly-encountered resident birds in Singapore’s urbanized areas. Lim 
(2009a) also compared the most abundant birds in the decade from 1996−2005 
to top three most abundant residents listed by Bucknill & Chasen (1927), 
namely the Eurasian tree sparrow, the yellow-vented bulbul, and the Oriental 
magpie robin (Copsychus saularis). The Oriental magpie robin has not 
qualified for any of the recent top 20 lists, and was suggested to have been a 
victim of competition with the Javan myna for secondary cavities to nest in 
(Huong & Sodhi, 1997; Sodhi & Sharp, 2006). 
Although my results suggest that the abundance of urban bird species have 
increased over the past decade, this should not be interpreted as strong 
evidence for a healthy urban ecological system since these species were 
already common prior to this census and may mean that the bird community 
may have become more uneven and will increasingly be dominated by a 
smaller subset of species. Further, many of these species are not native 
residents, and increasing dominance may imply that out-competition of the 
rarer native species is already occurring. Unfortunately, observer differences 
prevent comparisons on the abundances of the less common species. As the 
urban environment is hyperdynamic (Romalho & Hobbs, 2012), the bird 
communities can be expected to be dynamic as well. Hence, more long term, 
comparable data is needed to explore this dynamism in community structure. 
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Observable differences would not account for non-significant inter-
specific correlations in this study. Even if the re-survey observer detects birds 
systematically more frequently than the observers from the original survey, 
correlations would not have been masked. Instead, other explanations are 
likely. For example, the release of the Javan myna population from 
competition with house crows will not be confined to the spatial scale of 
transects used in the surveys, and is more likely to be observed over larger 
areas, and similarly for competition between the common and Javan mynas, 
because mynas are highly vagile (Yap, 2003). Lim & Sodhi (2004) also 
suggested that these two species, though both opportunistic feeders, are able to 
utilize other aspects of the urban environment differently. It is also possible 
that competition effects are weak in urban bird communities (Anderies et al., 
2007), and this should be explored in future studies. 
Contrary to the expectation that Asian koels would decrease in abundance 
with the large decline in the house crow population, there was instead a 
significant increase in abundance (Figure 4.1). In Bangladesh, Begum et al. 
(2011) found that increasing distance to conspecific nests results in an 
increased chance of a house crow nest being parasitized by the Asian koel, and 
it was hypothesized that nesting in groups was a defence against brood 
parasitism. In Singapore, the drastic reduction in house crow population may 
have instead increased breeding success of Asian koels as the house crow 
nests are now more likely to be solitary and more vulnerable to brood 
parasitism. In addition, the Asian koels in Singapore could also be parasitizing 
the nests of other species. The black-naped oriole―a former migrant that 
became resident in the 1920s (Lim, 2009a) and has been extremely successful 
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at exploiting urban conditions (see Figure 4.1)―is another host for the Asian 
koel (Lowther, 2011). These effects of shifts and switches in the host species 
of brood parasites on community structure and dynamics is a possible area for 
further research in urban ecology. 
The control of house crows in Singapore was motivated by health, safety, 
and social concerns; in this respect, it has been largely successful with 
minimal or no negative impacts. While culling played a major role, other 
factors such as Singapore’s efficient municipal waste management is likely to 
have contributed. Conversely, an increase in the abundance of the Javan myna 
was evident, but there was no evidence of site-specific ecological release from 
competition with house crows. Rather, the moderately strong explanatory 
power of environmental variables suggest that the population increase of Javan 
mynas is a result of increasing urbanization, i.e., the occurrence of more 
private low-rise development and clearance of more spontaneous vegetation 
resulting in a strong increase in the Javan myna population (Table 4.2). There 
was a recent proposal to release trained raptors in the evening to frighten and 
deter Javan mynas from building communal nests along Orchard Road, a key 
retail street in Singapore (J. Lim, 2011). Although similar methods have been 
tried, for example, to reduce scavenging bird numbers on landfill sites (Baxter 
& Allan, 2006), and to deter pest birds from feeding on ripe grapes in 
vineyards (Kross et al., 2012), the long-term sustainability of such a measure 
has never been proven. Following the success on population control of the 
house crow based on previous local research, perhaps the authorities can 
consult the recommendations given in these studies given in Yap et al. (2002), 
Lim et al. (2003), and Sodhi & Sharp (2006) before attempting other methods. 
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Our data did not allow us to test if the control of the house crow population 
had other beneficial or positive effects on bird diversity and ecology. More 




5.1. Summary of findings 
In the studies reviewed in Chapter 1 that investigated the relationships 
between greenery and species richness or community patterns of urban fauna, 
I found these gaps in the literature: 
• No studies determined if cultivated and natural greenery had the same 
benefits for urban biodiversity. 
• No studies investigated the interactions between greenery and traffic 
effects on urban biodiversity. 
• Most studies investigated the associations between the urban landscape 
and α-diversity. Some studies investigated patterns in β-diversity in terms 
of community turnover, but no studies investigated in terms of dispersion 
in community composition. The refining of concepts in β-diversity and 
attempts to isolate patterns in β-diversity independent of the confounding 
effects of α-diversity is of recent interest in theoretical community ecology 
(Jost, 2007 and 2010; Baselga, 2010; Veech & Crist, 2010a and b; 
Tuomisto, 2010a and b; Anderson et al., 2011; Chase et al., 2011; 
Carvalho et al., 2012; Chao et al., 2012), but these new advancements have 
not yet been applied to urban ecosystems. 
From the empirical data collected in Singapore, in Chapters 2 and 3, the 
general conclusions were that:  
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• Among the different components of cultivated greenery, tree cover 
showed consistent, strong associations with bird and butterfly α-
diversity. 
• Traffic density is an important covariate. Increasing road lane density 
consistently showed negative associations with bird and butterfly α-
diversity. 
• There is some support for interaction effects between greenery 
(specifically for this study―cultivated tree cover) and traffic. 
Chapter 2 additionally investigated if the patterns of β-diversity were 
congruent with the patterns found for α-diversity. I found that: 
• Cultivated shrub cover and natural scrub cover are associated with one 
dimension of bird and butterfly community turnover but in opposite 
directions, while cultivated tree cover and natural forest cover are 
associated with another dimension of bird and butterfly community 
turnover in the same direction but not to the same degree. 
• Cultivated greenery results in homogenized bird and butterfly 
communities compared to those associated with natural greenery. 
Spatial scale and temporal dynamics add complexity to interpretations of the 
ecological impacts of urbanization (Hostetler & Holling, 2000; Hostetler, 2000 
and 2001; Marzluff et al., 2001; Hostetler & Knowles-Yanez, 2003; Walker & 
Shochat, 2010; Pennington & Blair, 2011; McCaffrey & Mannan, 2012; 
Romalho & Hobbs, 2012). To explore the effects of spatial scale, I attempted 
in Chapter 3 to compare the importance of variables between two landscape 
extents in relation to α-diversity, and found that  
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• the effects of natural vegetation and traffic density (measured as road 
lane density) are more important at larger spatial scales. 
In Chapter 4, I compared the changes in abundance of the most common urban 
bird species in Singapore over 10 years to the changes in the urban landscape 
over the same period, and found that: 
• Most of these common species have increased in abundance over the 10-
year period, and this is supported by citizen-science data published 
elsewhere. 
• There was no evidence that the decline in the abundance of the house 
crow (Corvus splendens), owing to measures to control their population, 
resulted in an increase in the population of another alien pest bird 
species, the Javan myna (Acridotheres javanicus) which was thought to 
be in competition with the house crow. Instead, increases in Javan myna 
abundance was correlated with increasing urbanization. 
• There was no evidence that the decline of house crow abundance 
resulted in the decline of a brood parasitic species, the Asian koel 
(Eudynamys scolopacea), which prefers to lay its eggs in house crow 
nests. Instead, the abundance of the Asian koel has increased. 
5.2. Limitations of correlation studies and variable choices in urban 
ecology 
In Chapter 1, I argued that variables should be chosen to directly reflect 
mechanistic processes of urbanization. Household income, socioeconomic 
status, lifestyle behaviour, etc., are likely to affect urban fauna by determining 
vegetation characteristics (Hope et al., 2003; Martin et al., 2004; Grove et al., 
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2006; Faeth et al., 2011; Smallbone et al., 2011). Likewise, human population 
density affects biodiversity through the displacement of vegetation in the 
process of constructing infrastructure for the purposes of human activities. In 
addition, Liu et al. (2003) argue that number of households is a stronger 
predictor of impact on biodiversity than human population. Finally, 
impervious cover or building density is negatively correlated with greenery 
cover because they are mutually exclusive in terms of spatial occupancy. In 
my research, I chose greenery over impervious cover as I wanted to 
investigate the effects of separate components of urban greenery. The 
alternative is to compare the weight of evidence, e.g., using AIC, between 
models with impervious cover as a substitute for different greenery variables.  
An additional physical variable that can be considered for future 
investigations is building height. Cities have several strategies to 
accommodate their growing populations. They can (1) expand their boundaries 
by converting surrounding agricultural or natural cover to urban cover, (2) 
convert vacant land within the current boundaries of the city, or (3) intensify 
the use of currently occupied land by building taller buildings and deeper 
basements. For compact cities (see Jim, 2004) such as Singapore and Hong 
Kong, the first option is nonexistent because of political or geographic limits. 
The second option would result in the loss of natural vegetation which, as I 
show in Chapter 2, is not well-substituted with cultivated vegetation. The 
impacts of the third option are not well-understood. Pellisier et al. (2012) 
found that cover by buildings of intermediate height (between 18−30 m) are 
strong predictors of and negatively related to ground-nesting bird species 
richness, and cover by short buildings (<18 m in height) are strong predictors 
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of and negatively related to roof-nesting bird species richness. MacGregor-
Fors & Schondube (2011) found that maximum building height is positively 
related to the abundance of the most common bird species. Few studies, 
however, have investigated building height, perhaps because of poor 
availability of data. Furthermore, building height increases with the general 
intensity of urbanization, and is higher in commercial districts in the city 
centres. Correlations of community patterns with building height could 
therefore simply reflect other aspects of urbanization. 
This reflects a general limitation of correlational analysis of patterns of 
biodiversity along urbanization gradients in short-term, traverse studies. 
Experimental approaches are superior to observational approaches for 
attributing causation but it would be impossibly difficult to convince urban 
planners and governments to allow the manipulation of urban landscapes for 
the purposes of having control and replicate sites. Without proper controls, it 
is difficult to disentangle the effects of multiple, highly correlated variables. A 
potential method is to employ structural equation models (Grace, 2006) with 
hypothetical latent variables and investigate both direct and indirect effects of 
the variables of interest. This method, however, requires larger sample sizes, 
and software is still under development for handling heteroscedastic, non-
normally distributed variables, such as species counts or presence-absences, in 
addition to spatial autocorrelation and nested sampling designs. 
Short-term, correlational studies can inform future follow-up studies 
(Marzluff et al., 2001), which can then unmask time-lagged responses to 
urbanization (Romalho & Hobbs, 2012). Longitudinal studies of the changes 
in the urban landscape over time can also verify the patterns identified in 
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short-term correlational studies (see Donerlas et al., in press). I have attempted 
to explore this in Chapter 4. However, a common problem in long-term 
studies, especially for those that employ visual surveys of animals, is the 
difference in observer skill between surveys.  Additionally, even when the 
same observer conducts subsequent re-surveys, any changes detected could 
still be confounded by changes in experience or the physical condition of an 
older, person. A possible method to overcome the problem of inter-observer 
variability is the MacKinnon species lists technique (MacLeod et al., 2011). 
This requires individuals to be identified and recorded in sequence of 
encounter during a survey. 
Butterflies were included in this study to complement the use of birds as 
an indicator of patterns of urban biodiversity. Dallimer et al. (2012) found that 
bird species richness shows a quadratic relationship with tree cover and 
altitude, while butterfly species richness shows a monotonically decreasing 
relationship with tree cover and altitude. As most butterflies tend to be edge-
adapted species, they may respond better to heterogeneity and the amount of 
edges of the landscape rather than cover or area (Bonebrake et al., 2010; 
Jarošík et al., 2011). These types of variables will vary with spatial scale 
(Alberti et al., 2001). Larsen et al. (2012) suggested that bird observations 
should be supplemented with those for taxa that are range-restricted, such as 
mammals or amphibians. However, these taxa tend to have low species counts 
or abundance and are consequently more challenging to analyze, and provide 
less statistical power. Other studies have used other complementary taxa such 
as beetles (Croci et al., 2008; Gagné & Fahrig, 2011) or mammals (Croci et 
al., 2008). Butterflies, like birds, are relatively mobile species. In addition, 
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species counts tend to be low and sometimes no individuals are encountered 
when using low-intensity survey methods such as point counts. Fleishman & 
Murphy (2009) have argued that butterflies may not be good indicators of 
invertebrate biodiversity and can exhibit rather extreme responses to 
environmental changes owing to their short life cycles. This contributes to 
noise in survey data, which may have been responsible for the low explanatory 
power of models in Chapter 3. 
5.3. Improving cultivated urban greenery 
Increasing tree cover is a first step towards improving the biodiversity of cities 
in forest biomes. Stagoll et al. (2012) found that larger, older trees have a 
stronger effect on enhancing local species richness in parks. Large trees can 
therefore be targeted for conservation when natural vegetation is to be cleared. 
This should already be the case in Singapore where large trees (> 1.0 m girth 
measured 0.5 m above the ground) in designated areas and on vacant land 
require the approval of the Commissioner of Parks before they can be felled 
(National Parks Board, 2011). Singapore also has a heritage tree programme to 
conserve healthy, mature (usually > 5 m girth) trees that are of rare species or 
of historical significance (National Parks Board, 2011 and 2013). Currently, 
there are also no heritage trees within public residential estates (National Parks 
Board, 2013) so more effort should be made to integrate large trees of 
conservation into the future urban landscape. Conserving mature trees will 
provide immediate shade for developments compared to planting young trees 
and waiting for them to grow. This also results in cost savings from planting to 
provide an equivalent amount of tree shade. 
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Furthermore, large trees that are keystone species can be targeted or 
promoted within the urban landscape. A keystone species is one whose impact 
on the ecosystem is much larger than expected from its relatively low 
abundance (Barua, 2011). Some tree species provide a broad range of 
resources to support a wide diversity of flora and fauna; good examples of 
these are the strangler figs (Ficus spp.). Large stranglers provide year-round 
food resources for frugivorous birds and other animals in the form of their ripe 
figs or syconia (Corlett, 2006). Fig production also supports populations of 
pollinator wasps (Agaonidae) that are food for insectivorous birds and animals 
such as dragonflies (Odonata: Anisoptera), and the leaves are food plants for 
various species of caterpillars (Tan & Khew, 2012). The tree serves as a host 
for mistletoes (Loranthaceae and Santalaceae), which in turn bear flowers, 
with nectar for nectarivorous birds, that develop into fruits that are eaten by 
frugivores, and their leaves are again food for caterpillars of the painted 
jezebel butterfly (Delias hyparete metarete;  F.L.K. Lim, 2011; Tan & Khew, 
2012) or Asota plana moth (Tan et al., 2010b). The strangling roots and large, 
dense crowns of strangler figs can also shelter many urban animals. 
Cultivated greenery should also aim to emulate the multi-layered structure 
and density of natural vegetation. Heterogeneity of cultivated greenery can be 
increased, for example, by expanding the list of species used in planting 
schemes. Another future analysis that can be conducted on the dataset from 
this project is whether plant species richness would add additional explanatory 
power for predicting bird and butterfly species richness. Luther et al. (2008) 
found that shrub species richness was important and positively related to bird 
species richness. Daniels & Kirkpatrick (2006) found that total plant vascular 
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species richness is significantly related to native and exotic bird species 
richness, but was not retained in the best model after model selection. This 
suggests that the predictive value of including plant species richness can be 
replaced by other variables that encompass the effects of plant species 
richness. Likewise, MacGregor-Fors (2008) found a positive but non-
significant relation between tree species richness and bird species richness, 
and woody plant species richness was not a variable in models with substantial 
support in the study by S. Fontana et al. (2011). Richness of specific 
functional groups of plants such as nectar-producing (Clark et al., 2007) or 
caterpillar-host (Koh & Sodhi, 2004) plants have been shown to be important 
for promoting butterfly species richness. In addition, Carbó-Ramirez & Zuria 
(2011) found that tree richness and shrub species richness are related to winter 
bird community composition but not to bird species richness. 
Future analysis can also investigate if individual greenery components and 
traffic favour particular bird guilds or butterfly traits or natives over exotics, 
and include information on butterfly-host plant links and cultivated plant 
species richness or composition. Birds belonging to feeding guilds that are 
highly dependent on vegetation, such as granivores and nectarivores, may 
exhibit a stronger correlation with greenery than other guilds (Walker & 
Shochat, 2010). Butterflies with smaller wingspans and that are weak fliers 
may also be more adversely affected by traffic than strong fliers with larger 
wingspans, which would suggest that the effect of traffic would be acting 
through air currents altered by fast-moving vehicles. Such analyses require 
more advanced multivariate methods such as RLQ analysis (see Threlfall et al. 
[2011], Ikin et al. [2012]). Life history traits may also affect the spatial scales 
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at which different species will respond to urban landscape features. For 
example, Hostetler & Holling (2000) proposed that larger-sized birds would 
have larger home ranges, and hence respond to landscape structures at larger 
scales and vice-versa. Walker & Shochat (2010) found that the correlation of 
granivore abundance with vegetation cover peaks at smaller spatial scales, 
while that of nectarivores peaks at larger spatial scales, followed by that of 
omnivores. Further, native bird abundance in their urban study system (Central 
Arizona-Phoenix, in the Sonoran Desert ecosystem) respond significantly to 
vegetation only at spatial scales of less than 500 m, while exotic birds respond 
through the whole range of spatial scales up to 10 km. Schlesinger et al. 
(2008) found that cavity and understorey nesters respond to development at 
smaller spatial scales (150 m), overstorey nesters respond at larger spatial 
scales (1 km), and omnivore richness shows a quadratic relationship with 
development at medium spatial scales (500 m). 
5.4. Is urban biodiversity research and conservation worth the trouble? 
Countries that are in advanced stages of development and already highly 
urbanized are likely to have cities with already heavily impacted biodiversity 
(Hahs et al., 2010) or even native species that are heavily dependent on 
agricultural or anthropogenic subsidies (McDonald et al., 2009). Would the 
research effort and resources for enhancing the urban environment for such 
biodiversity be better spent elsewhere on pristine landscapes richer in rare 
native species and unique communities? 
Dearborn & Kark (2010) summarized the major motivations for 
conserving urban biodiversity, among which are to ensure the continued 
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provision of ecosystem services for the well-being of urban residents and to 
reconnect people to nature. Enhancing urban biodiversity can therefore 
promote ecological literacy and awareness, which can then result in 
behavioural changes that have domino effects on ecosystem protection 
elsewhere so the opportunity costs of investing in urban biodiversity 
conservation can therefore be more than offset by its dividends in terms of 
socio-cultural transformation (Miller & Hobbs, 2002; McDonnell, 2007; 
McDonald, 2008; Sanderson & Huron, 2011). Cities concentrate technological 
capacity, economic production, and waste generation, with much potential for 
greater efficiency of resource use and pollution mitigation (Grimm et al., 
2008) that can spare natural areas from damage without compromising 
development. Cities are also concentrations of political and social power, 
where decisions are made with repercussions on protected areas and ecological 
strongholds in places both near and distant (de Oliveri, 2011). 
Remnant or regenerating vegetation in urban areas, therefore, even if in 
small fragments that are highly disturbed and invaded by exotic species, can 
serve strategic, broader functions apart from the provision of ecosystem 
services; likewise, improving greenery and landscaping to support fauna that 
is as diverse as possible is important, even if the animals are common or 
widespread in the countryside (Miller, 2006). Elucidating mechanisms that 
drive urban ecological patterns—such as the role of greenery—can inform 
policy and planning to prevent cities from becoming islands of impoverished 
biodiversity, and reconcile the demands of urbanization with the conservation 
of local ecosystem services and enhance humankind’s connection to nature. 
The challenges of conserving urban biodiversity reflect the changing and 
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interdisciplinary nature of conservation problems elsewhere (Miller & Hobbs, 
2002). Tackling these urban challenges will therefore build the skills and 
collaboration necessary to achieve success in biodiversity conservation in the 
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Appendix A: Additional fields for Table 1.1. 
Author(s) Year 
City/Town/ 











1998 Greater Tucson 
metropolitan area 








2003 Phoenix City, 
Maricopa County 
USA birds species richness 







2004 Singapore Singapore butterflies species richness, 
community 
composition 
transects forest patches 




2004 Singapore Singapore birds species richness 






transects mixed continuous 
Stratford & 
Robinson 
2005 Georgia Piedmont USA birds species richness point 
counts 
mixed continuous 










































2006 Orebro Sweden birds species richness point 
counts 





Clark et al. 2007 Greater Boston 
Area 










































2008 Dunedin New 
Zealand 














forest patches continuous 
Matteson & 
Langellotto 







garden patch continuous 
Minor & 
Urban 
2010 North Carolina 
Piedmont 

















2010 Australian Capital 
Territory 
(Canberra) 















































2011 Zurich, Lucerne, 
Lugano 



















2011 Morelia, Uruapan, 
Zamora 
 Mexico birds species richness 









2011 nine towns across 
Victoria and New 
South Wales 




wetland patch continuous 
Threlfall et 
al. 



































2012 Sheffield UK birds, 
butterflies, 
plants 













Reis et al. 2012 Palmas Brazil birds species richness transects mixed continuous 
Threlfall et 
al. 
































urban park continuous 



















urban park continuous 
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Appendix B: Automated, manually adjusted method for mapping crown 
cover. 
A manually adjusted, automated classification technique was used to create 
the crown cover layers (i.e., the foliage areas of trees and palms) for the 
transects and study sites. GeoEye satellite images (2 m resolution; 4-band 
multispectral, with Red‒Near-Infared‒Blue (RGB) combination) were used. 
The green band was replaced with the Near-Infrared (NIR) band as it is known 
to be more sensitive to vegetation. Therefore, higher weight was given to the 
NIR band during the segmentation and classification process. 
The classification technique was achieved using a three step process: 
Step 1: Object-oriented multi-resolution segmentation 
The images were first divided into polygons via a multi-resolution 
segmentation process using the software eCognition version 8.0.1. For this 
process, colour, shape and size parameters were adjusted manually for each 
site, as each differed (sometimes vastly) in composition, until suitable 




Step 2: Classification 
An accuracy of 74% was achieved in comparison to manual visual 
classification. This classification using RGB images was better than using 
NDVI (“Normalized Difference Vegetation Index”) images, as crown and turf 
coverage could be much better differentiated. 
A summary of the process used in eCognition for the classification 
process for canopy cover, where parameters can be adjusted on a per-site basis 
whenever necessary: 
1. Extract vegetation using the “Brightness” tool. 
2. Remove building edges detected using “Border Contrast” and 
“Brightness” tools.  
3. Remove lawns from vegetation using “Standard Deviation” and 
“Brightness” tools. 
The resultant layer is the crown cover. 
152 
Below is an example of classification of vegetation and other structures 
in Punggol: 
 
The red-bordered polygons show non-vegetation, and the blue-
bordered polygons show vegetation. Notice how one portion in shadow is 
identified correctly, due to the NIR band being given a higher weight in the 
classification process. 
Step 3: Manual verification 
The crown layer obtained in eCognition was subsequently exported 
into ArcGIS version 9. GeoEye images (0.5 m resolution) were overlayed on 
the crown layer for verification as the 0.5 m pan-sharpened colour images 
possessed a higher amount of detail. A manual classification of polygons was 
conducted, via visual inspection utilising the 0.5 m images. The rest of 
153 
unclassified, ambiguous or wrongly classified polygons were re-assigned or 
reshaped, verified by subsequent ground-truthing. 
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Appendix C: List of models. 
These models are used in Chapter 2. An expanded model list utilising these 
same model structures but in combinations of two spatial scales was used in 
Chapter 3. 






































Model No. of Predictors 
~SHRUB+GROUND+NAT 3 
~SHRUB+GROUND+TRAFFIC 3 
~SHRUB+FOREST+TRAFFIC 3 
~SHRUB+NAT+TRAFFIC 3 
~SHRUB+TRAFFIC+SHRUB×TRAFFIC 3 
~GROUND+FOREST+TRAFFIC 3 
~GROUND+NAT+TRAFFIC 3 
~GROUND+TRAFFIC+GROUND×TRAFFIC 3 
~GREEN+FOREST+TRAFFIC 3 
~GREEN+NAT+TRAFFIC 3 
~GREEN+TRAFFIC+GREEN×TRAFFIC 3 
~FOREST+TRAFFIC+FOREST×TRAFFIC 3 
~NAT+TRAFFIC+NAT×TRAFFIC 3 
~TREE+SHRUB+GROUND+FOREST 4 
~TREE+SHRUB+GROUND+NAT 4 
~TREE+SHRUB+GROUND+TRAFFIC 4 
~TREE+SHRUB+FOREST+TRAFFIC 4 
~TREE+SHRUB+NAT+TRAFFIC 4 
~TREE+SHRUB+TRAFFIC+TREE×TRAFFIC 4 
~TREE+SHRUB+TRAFFIC+SHRUB×TRAFFIC 4 
~TREE+GROUND+FOREST+TRAFFIC 4 
~TREE+GROUND+NAT+TRAFFIC 4 
~TREE+GROUND+TRAFFIC+TREE×TRAFFIC 4 
~TREE+GROUND+TRAFFIC+GROUND×TRAFFIC 4 
~TREE+FOREST+TRAFFIC+TREE×TRAFFIC 4 
~TREE+FOREST+TRAFFIC+FOREST×TRAFFIC 4 
~TREE+NAT+TRAFFIC+TREE×TRAFFIC 4 
~TREE+NAT+TRAFFIC+NAT×TRAFFIC 4 
~SHRUB+GROUND+FOREST+TRAFFIC 4 
~SHRUB+GROUND+NAT+TRAFFIC 4 
~SHRUB+GROUND+TRAFFIC+SHRUB×TRAFFIC 4 
~SHRUB+GROUND+TRAFFIC+GROUND×TRAFFIC 4 
~SHRUB+FOREST+TRAFFIC+SHRUB×TRAFFIC 4 
~SHRUB+FOREST+TRAFFIC+FOREST×TRAFFIC 4 
~SHRUB+NAT+TRAFFIC+SHRUB×TRAFFIC 4 
~SHRUB+NAT+TRAFFIC+NAT×TRAFFIC 4 
~GROUND+FOREST+TRAFFIC+GROUND×TRAFFIC 4 
~GROUND+FOREST+TRAFFIC+FOREST×TRAFFIC 4 
~GROUND+NAT+TRAFFIC+GROUND×TRAFFIC 4 
~GROUND+NAT+TRAFFIC+NAT×TRAFFIC 4 
~GREEN+FOREST+TRAFFIC+GREEN×TRAFFIC 4 
~GREEN+FOREST+TRAFFIC+FOREST×TRAFFIC 4 
~GREEN+NAT+TRAFFIC+GREEN×TRAFFIC 4 
~GREEN+NAT+TRAFFIC+NAT×TRAFFIC 4 
 
